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Abstract

The snapper species assemblage is economically and environmentally important to all three
countries bordering the Gulf of Mexico (GoM). Polycyclic aromatic hydrocarbons (PAHs),
organochlorine pesticides (OCPs) and polychlorinated biphenyls (PCBs) were investigated in seven
snapper species located in the GoM, with a specific focus on the those caught along the northwestern
coast of Cuba. Hepatic samples were processed using QuEChERs extraction methodology and analyzed
using gas chromatography with tandem mass spectrometry (GC-MS/MS). Nearly all fish included in this
study contained detectable amounts of all three groups of these contaminants, regardless of location, and
across all regions of the Gulf, indicating that PCB, OCP, and PAH contamination in fisheries is
ubiquitous in the Gulf of Mexico. Measured values of these three groups of persistent organic pollutants
(POPs) were within the same order of magnitude as other species in the GoM and globally, with
concentrations of ΣPCBs ranging from 0.80 to 427 ng g-1 wet weight (w.w.), ΣOCPs from 4.00 to 247 ng
g-1 (w.w.), and ΣPAHs from 60.0 to 2,991 ng g-1 (w.w.). Wenchman were found to have increased hepatic
PCBs compared to other snapper, and Silk Snapper had elevated hepatic PAHs. Species-specific variation
in hepatic total load and composition of PAHs, OCPs, and PCBs suggest species-specific differences in
xenobiotic metabolism. Contaminants are correlated with several fish biometrics and health indicators,
including negative relationships between PCBs and Fulton’s condition factor, and between PAHs and
hepatic lipids. These correlations may indicate that snapper with elevated exposure to these contaminants
are experiencing a range of sublethal effects. Regional variation observed in hepatic concentrations and
compositional profiles were likely driven by local onshore contamination sources, chemical usage
patterns, and riverine input. Spatial gradients observed in PCB and DDT concentrations were along the
northwest coast of Cuba are likely driven by proximity to the city of Havana. The results of this study
demonstrate possible connections between onshore development/industrial activity and impacts to
offshore ecosystems. These data also serve to establish critical contaminant baselines for this group of
v

economically important GoM fishes; and will contribute to assessing the impact of any future pollution
events or changes in contaminant inputs within the area. This information will also help to fill some of the
gaps in our understanding of the presence and possible impacts of these organic contaminants in GoM
snapper fisheries.

vi

Introduction

Gulf of Mexico Oceanographic and Human Use Setting
The Gulf of Mexico (GoM) provides essential habitat to many economically and environmentally
important fish species, and the value of maintaining healthy GoM fisheries cannot be understated. In the
United States (U.S.) alone approximately 500,000-800,000 metric tons of seafood are sourced from the
GoM annually (1), and recreational fishing is estimated to bring in an additional $11 billion in yearly
revenue to the Gulf coast states (2). The GoM also supports a vast array of marine life, with hundreds of
species of birds, marine mammals, and other marine/coastal species that rely on healthy habitats and fish
populations in the GoM.
This vital ecosystem is shared and managed by three separate countries; the United States (U.S.),
Mexico, and Cuba. While there has been a large body of research directed to understanding the U.S. and
Mexican regions of the Gulf, there has been comparatively little research published on the offshore
resources of Cuba. More information from this Cuban region of the Gulf is needed in order to construct a
comprehensive understanding of both fisheries and contaminant cycling in the GoM. Understanding the
entirety of the GoM large marine ecosystem (LME) is critical due to the connectivity of the ecosystems
and fisheries throughout (3, 4). The Gulf is interconnected in part due to the loop current, which can
transport fish eggs/larvae and contaminants across far distances relatively quickly. Examples of this
connectivity can be seen in the genetic ties between fish populations across regions of the Gulf (5), and in
models showing the potential transport of oil after a spill (6). Considering the connectivity of the
ecosystems and fisheries in the Gulf, maintaining a healthy and sustainable GoM requires the U. S.,
Mexico, and Cuba to have well-coordinated Gulf-wide monitoring and management strategies
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Contaminants in the Gulf: Background and Interactions with Fish
Fisheries of the GoM are facing a number of common challenges, including overfishing, habitat
loss, and exposure to anthropogenically derived pollutants (7). Understanding the impacts and synergistic
relationships among these pressures, and how best to mitigate them, is a key part of sustainably managing
fisheries and the GoM as a whole. Part of the complexity behind understanding the role of contaminants
in the Gulf comes from the multiple types and sources of inputs. The simultaneous presence of multiple
chemical stressors can lead to antagonistic, additive, and/or synergistic impacts on the system (8), which
makes it difficult to deduce the impact of a single stressor (e.g. oil). For example, possible sources for
crude oil contamination in the Gulf include the offshore oil and gas industry, but also include natural
seeps on the seafloor, ongoing leaks such as the Tayler Energy well, coastal refineries, and riverine inputs
such as the Mississippi River. In addition, historical incidents such as the Deepwater Horizon (DWH) and
Ixtoc I oil spills can leave reservoirs of contaminants which then continue to cycle through an ecosystem
for decades (9, 10).
The ongoing challenges of poor water quality and environmental degradation in the GoM are
driven by excessive nutrient inputs and anthropogenic pollutants such as polycyclic aromatic
hydrocarbons (PAHs), polychlorinated biphenyls (PCBs), and organochlorine pesticides (OCPs) (11).
These three groups all contain compounds known to impact marine systems via various toxicological
effects; and are considered contaminants of environmental concern in the GoM. These compounds are
also all lipophilic organic molecules, and therefore are likely to amass in high lipid content tissues (e.g.,
liver, gonads, eggs) within the body (12). Contaminants sequestered in lipids may also be remobilized and
transferred along with lipids for the development of egg and gonadal tissue during gestation or spawning,
resulting in increased levels of lipophilic contaminants in eggs and larvae (13). These life stages are
particularly vulnerable to health impacts because of their reduced ability to metabolize and excrete
xenobiotics (14). The potential for maternal offloading allows health impacts of these contaminants to be
passed on to the next generation, and can have population level effects if the contaminant loads impact
survival or reproductive fitness of the cohort (15, 16).
2

Chemical and physical properties of contaminants directly impact possible routes for fish
exposure and uptake, and since lipophilic compounds generally share similar properties, the possible
routes for fish exposure and uptake are fairly consistent across these compounds The three main routes of
chemical uptake in fish are through consumption of contaminated food, respiration (absorption across the
gills), and dermal absorption (across skin) (8, 17, 18). The concentration of organic contaminants
dissolved in water (and therefore available for absorption) depends on several physiochemical properties
including solubility, water temperature, and suspended sediment concentration (19-21). Lipophilicity,
often evaluated using the octanol/water partitioning coefficient (Kow), of a compound can affect the rate of
uptake from water, excretion rate, and efficiency of compound assimilation into an organism (22).
Bioavailability is also influenced by factors such as compound size and physiochemical conditions of the
environment (18). Rates of bioaccumulation and biomagnification of organic compounds are affected by
chemical and ecological factors such as Kow and seasonality (18, 21, 23-25). In addition, biotic factors
including diet composition, individual energetic demands, developmental stage, and species-specific
metabolism/biotransformation rates can all impact uptake and bioaccumulation rates for an individual
organism (22, 26, 27).

Polycyclic Aromatic Hydrocarbons (PAHs)
Polycyclic aromatic hydrocarbons (PAHs) are a class of organic contaminants in which the
molecular structures have two or more aromatic rings fused together. Sources of PAHs in the environment
are largely petrogenic (e.g. crude oil) or pyrogenic (e.g. burning of hydrocarbons). Petrogenic sources
include petroleum extraction, oil facility accidents, refineries, and transport, as well as naturally-occurring
oil seeps on the seafloor (28). Pyrogenic sources include grassland and forest fires, incomplete
combustion of wood or fossil fuels (e.g. coal fired power plants, car engines), and volcanism (17).
Although some of these sources are naturally occurring, anthropogenic sources are commonly the cause
of high concentrations present in an area (29). Alkylated PAH homologs are usually present along with
3

the parental molecules, and the presence and ratios of these homologs present can provide insight
regarding a particular point source (e.g., petrogenic vs pyrogenic). Another smaller source of PAHs is
biogenesis by plants, bacteria, and fungi, however this input is usually assumed to be too minor to
influence environmental concentrations (12, 30). Due in part to the wide range in type and global nature
of these sources, PAHs are ubiquitous across the planet. In addition, our current societal dependence on
fossil fuels suggests that fossil fuel industry related sources of PAHs are unlikely to diminish within the
next few decades, thus PAH levels in marine ecosystems are expected to remain relevant for decades to
come (17). A recent survey of PAH baselines GoM fishes found that PAH exposure is pervasive
throughout all regions of the Gulf, and that many species appear to be chronically affected by this
exposure (31). The effects of PAH (and PAH metabolite) exposure on fish health include a range of both
lethal and sublethal effects such as carcinogenesis/neoplasia, immunotoxicity, reduced cardiac function,
genotoxicity, endocrine disruption, metabolic costs, and growth inhibition/defects (especially in larval and
juvenile stages) (8, 10, 12, 16, 32-36).
Fish have the ability to readily metabolize PAHs into more water soluble compounds through the
cytochrome P4501A enzyme system (12, 14). Metabolizing PAHs can help to decrease body burden,
reducing the potential for adverse effects from these compounds, however some PAH metabolites can be
more toxic than their parental molecule (8, 12). Once metabolized, the majority of PAH parental
compounds and their metabolites are eliminated via excretion of urine or bile which is passed through the
gastrointestinal tract. Some elimination is also possible by simple diffusion from the organism (18, 37).
Although fish are able to metabolize and excrete PAHs with relative ease, prolonged or elevated exposure
can cause PAH uptake to outpace elimination, thus leading to accumulation in lipid-rich tissues such as
the liver (10). The functioning of this xenobiotic metabolism and elimination system causes the PAH load
in hepatic tissue to reflect chronic exposure, whereas PAHs in bile are indicative of recent short-term
exposure (17). In addition to being metabolized by fish, PAHs are also susceptible to weathering,
photooxidation, and biodegradation via microorganisms (38, 39). Because of this PAHs are not
considered to be as persistent in the environment as more recalcitrant contaminants, and the Stockholm
4

Convention on Persistent Organic Pollutants (POPs) does not included PAHs in the official POPs
classification.

Polychlorinated Biphenyls (PCBs) and Organochlorine Pesticides (OCPs)
Polychlorinated biphenyls (PCBs) are a class of compounds that were originally manufactured for
use in industrial applications such as oils, lubricants, hydraulic fluids, etc., and were even included in
some pesticides and inks (19, 40). Production of PCBs began in the 1930s, and lasted until they were
banned across most of the globe in the 1970s. Primary sources for PCBs in the environment are through
historical and current leaks, spills, dispersal of products in which they are contained, and the burning of
PCB containing waste (41). Due to their low solubility in water, the largest reservoir for PCBs in
aquatic/marine systems is often the benthic sediments (42, 43). This group of compounds is completely
anthropogenically synthesized (no naturally occurring sources are known thus far), thus high
concentrations tend to occur near industrialized, developed areas (41). Natural conditions and biota do not
significantly degrade or biotransform PCBs, so once in the environment they will continue to be cycled
and accumulated for decades (19). PCBs are now considered to be globally ubiquitous due to this
longevity and their ability to cycle through soil, water, and air (44).
The molecular structure of PCBs consists of a biphenyl ring with one to ten chlorine atoms
attached. The number and placement of the chlorine atoms affects the physical, chemical, and
toxicological properties of each PCB, with a higher degree of chlorination generally corresponding to
higher viscosity, lower solubility in water, and greater toxicity (19). More highly chlorinated PCBs also
have an increased likelihood of bioaccumulation (21, 22). This is due in part to the higher lipophilicity of
more chlorinated PCBs (19), and partly because less chlorinated PCBs are more readily metabolized than
their more chlorinated counterparts (45). Negative effects of PCBs on fish health include carcinogenesis,
liver damage, and a variety of reproductive and endocrine system issues (17, 19, 46, 47). Effects of PCB
contamination on eggs and juveniles is particularly concerning, as contaminant offloading into lipid rich
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eggs has been demonstrated to lead to reduced survival of offspring and decreased reproductive success
(48).
Pesticides is a class of compounds including herbicides, insecticides, and rodenticides.
Organochlorine pesticides (OCPs) are a subclass containing carbon, hydrogen, and chlorine atoms. These
compounds often are characterized by their stability and resulting persistence in the environment. This
group includes compounds such as dichlorodiphenyltrichloroethane (DDT) which have been banned in
the U.S., as well as compounds like lindane which are still broadly used today (49). It should be noted
that although many of the legacy OCPs were banned in the U.S. in the 1970s, this does not always
coincide with usage in Mexico and Cuba (and other tropical countries). One example is DDT, which the
U.S. banned usage of in 1972, Cuba banned in 1989, and Mexico halted use in 2000, however many
Caribbean countries still use DDT today to combat malaria (50-53). All the compounds in the OCP group
are anthropogenically manufactured; and are mainly spread into the environment through agricultural use
and other pest control activities. The primary source of OCPs in marine ecosystems is runoff from coastal
land, as well as rivers passing through agricultural areas. Because OCPs are chemically stable in the
environment, the leaching of OCPs sequestered in benthic sediments is another possible source of input to
marine systems (54). This class of compounds is broadly classified as neurotoxins (55), and adverse
effects of OCP exposure observed in fish include general oxidative stress, carcinogenesis, liver damage,
reduced growth, and disruption of the endocrine and developmental systems (17, 56). Chronic exposure
of humans to OCPs can negatively impact metabolism of carbohydrates, lipids, and proteins, resulting in
cascading impacts through other body systems (55).
In contrast to PAHs, PCBs and OCPs are not easily metabolized by fish or other organisms. This
causes them to be classified as POPs, meaning that they are hazardous and slow to breakdown in the
natural environment (57). In addition to fish having a low capacity to metabolize them, the low water
solubility of these compounds slows any excretion prior to metabolism. The combination of these factors
causes PCBs and OCPS to buildup in adipose tissues, enabling them to both bioaccumulate within an
organism over time, and biomagnify through successive trophic levels (22, 41, 56, 58). Rates of
6

bioaccumulation and biomagnification of organic compounds are affected by chemical and ecological
factors such as Kow, bioenergetics, dietary preferences, and seasonality (18, 21, 23-25). The high potential
for bioaccumulation and biomagnification of these PCBs and OCPs results in these contaminant groups
impacting the health of higher trophic level species even when concentrations in the abiotic environment
are below usual toxicological thresholds. Lipophilic and environmentally persistent compounds, such as
PCBs and OCPs, also tend to exhibit global fractionation patterns (44). These patterns are referred to as
the global distillation effect, where optimally volatile compounds are atmospherically transported and
tend to concentrate at cooler higher latitudes. In contrast, less volatile POPs are not transported as
efficiently, and so concentrations found in the environment are more likely to reflect the local sources of
that compound (59).

Cuban Fisheries and Contaminant Setting
The Cuban region of the GoM faces many of the same challenges as the rest of the Gulf, and
Cuban commercial fisheries have been in steady decline for the last 50 years (60, 61). This is likely due to
a combination of overfishing and a lack of protective regulations enforcement (62, 63); some problematic
issues in this region include targeted fishing of spawning aggregations and the harvest of individuals prior
to sexual maturity (64). Although the observed declines are likely a result of fishing pressures, other
potential drivers may be causing or exacerbating these population declines as well (65).
The area offshore of Havana has been especially impacted, with untreated discharges of heavy
metals, industrial effluents, sewage, and crude oil into the marine environment (63, 66-68). The lack of
effective wastewater collection and treatment in Cuba is a concern for human health and a major source
of pollution into Cuban coastal waters (69, 70). An estimated 13 million gallons of wastewater is
produced and discharged per day in the providence of Havana (69), and almost all is untreated or only
passed though limited pre-treatment (removal of some solids but no disinfection or nutrient removal) (70).
This wastewater is discharged into the marine environment via submarine outfalls, which are submerged
pipes releasing wastewater at around 150 m offshore and at about 10 m water depth (70). This wastewater
7

is thought to be a mix of both urban and industrial waste, and elevated heavy metal concentrations have
been found in sediments near these submarine outfalls (71). Changes in octocoral communities have also
been documented following the installation of submarine outfalls offshore of Havana (72).
In addition, contaminants from point sources such as a cement plant and paper mill are
discharged into the Almendares River flowing through Havana, and are then carried out into the marine
environment slightly to the west of Havana harbor (63, 73). These contamination sources result in high
levels nutrients and other organic pollutants offshore of Havana (65). Changes in reef community
composition and damage to fish reproductive function have been observed near Havana Harbor and the
Almendares River outlet, and have been attributed to these local sources of anthropogenic pollutants (63,
73-75). Investigating and accounting for all possible factors, including organic contaminants, is an
integral part of moving towards recovery and comprehensive management of these fisheries.
There is little published research investigating organic contaminants in fish from Cuban waters,
however there have been some data collected from sediments and bivalves. A 2010 study along the
southern coast of Cuba documented the presence of OCPs and PCBs in sediments from Cienfuegos Bay
(76). This study found that surface sediment concentrations of PCBs and OCPs were in the range of 27 –
1,745 pg g-1 dry weight (d.w.), and from below the detection limit (<DL) to 9,580 pg g-1 (d.w.),
respectively (76). A separate study in the Gulf of Batabanó, found individual PCBs all to be below the
detection limit, and individual OCPs ranging from <DL to 0.737ng g-1 (d.w.) (77). The International
Mussel Watch measured PAH, OCP and PCB concentrations in the tissues of mussels from the southern
coast of Cuba in 1993 (78), finding that PCB concentrations in one species of oyster ranged from <DL to
2.20 ng g-1 (d.w.), and OCP concentrations from <DL to 2.77 ng g-1 (d.w.) (79). The inconsistency in
matrix analyzed (sediment vs biological, species, tissue) and units reported (wet weight vs dry weight)
obscures datasets from Cuba and the wider GoM; and complicates efforts to coalesce either a regional or
a Gulf-wide understanding of these contaminants from historical datasets.
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Snapper (Lutjanidae sp.): Comparative Life Histories in the Gulf of Mexico
As a group, snappers are particularly important to Cuban and GoM fisheries. The snapper species
assemblage was chosen for analysis in this study because of their ubiquitous occurrence throughout the
GoM, as well as the significant role they play both economically and ecologically in the GoM and the
broader Caribbean region. The species included in this study were Wenchman (Pristipomoides
aquilonaris, Good & Bean 1896), Silk Snapper (Lutjanus vivanus, Cuvier 1828), Yellowtail Snapper
(Ocyurus chrysurus, Bloch 1791), Blackfin Snapper (Lutjanus buccanella, Cuvier 1828), Queen Snapper
(Etelis oculatus, Valenciennes 1828), Black Snapper (Apsilus dentatus, Guichenot 1853), and Mutton
Snapper (Lutjanus analis, Cuvier 1828). This list is a relatively broad representation of the snapper
species found in Cuban waters (80), although a few species such as Lane Snapper and Gray Snapper were
not collected but do occur frequently in this region (81). Some species of snapper commonly found in
northern and more western GoM waters (e.g., Red Snapper) were not included because this study was
designed with a focus on snappers found in the Cuban area of the Gulf (i.e. Red Snapper were not
encountered in sampling off Cuba).
The seven snapper species selected for analysis occupy mainly deeper waters, with the exception
of the shallow dwelling Yellowtail Snapper and Mutton Snapper. The habitat for adult snapper of these
species generally consists of shelf edge rocky outcroppings and reefs, with substrates of hard rock and
shell hash (82-85). Mutton Snapper are an exception, with habitats commonly consisting of more
sandy/vegetated substrates in mangroves as well as on shallow coral reefs (84). Detailed life history
information is not known for all of these species, however most have extended breeding periods, with
peak spawning activity in either the spring, summer, or fall seasons, depending on species (82-84, 86).
Diets of snappers generally consist of small fish and crustaceans; some species also eat polychaetes,
gastropods, tunicates, and cephalopods (82, 84). There is limited published information available on
Wenchman diet, life history, etc. (87), thus for the purposes of this study, it was assumed that these
parameters for Wenchman are similar to other deep-water snapper species.
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Thesis Objectives
The objectives of this thesis were: (1) compare organic contaminant loads across species, (2)
evaluate relationships between hepatic contaminants and associated biometrics and health indices, and (3)
investigate potential spatial patterns of contaminants both around the GoM and within the Cuban region
of the Gulf. Despite the increasing focus on ecosystem-based management of the Gulf of Mexico (GoM),
there remain many knowledge gaps, particularly in the Cuban portion of the GoM. One such gap is
understanding the presence and impacts of organic contaminants. This study addresses that gap by
assessing the presence and possible impacts of three types of organic contaminants in snapper populations
in the GoM, with a specific focus on the northwestern coast of Cuba. The three classes of organic
pollutants evaluated in this study are polycyclic aromatic hydrocarbons (PAHs), polychlorinated
biphenyls (PCBs), and organochlorine pesticides (OCPs).
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Methods

Field Sampling
Fish were collected in the spring and summers (May-August) of 2015, 2016, and 2017 by the
Center for Integrated Modeling and Analysis of Gulf Ecosystems (C-IMAGE) consortium (88) using
demersal longline surveys around the continental shelf of the GoM (3). Inshore to offshore transects (n =
44) were sampled, with each transect consisting of multiple stations across a water depth range of 20 to
200 meters. These transects were grouped into seven broad regions reflecting oceanographic features and
species distributions (3, 31, 89) (Figure 1). Within the Cuban region nine transects were distributed from
the westernmost tip of the Cuban shelf to directly offshore of the city of Havana (Figure 2). Samples
collected outside of the Cuban region were mainly included for a Gulf-wide spatial context of the POPs
measured.
Eight km of mainline was deployed at each station, and size 13/0 circle hooks were baited with
Atlantic mackerel (Scomber scombrus) and Humboldt squid (Dosidicus gigas) wings before being
attached to the mainline at regular intervals. Upon capture each fish was identified to species, and fish
biometrics and general observations were recorded for all specimens caught. Target species were then
dissected, and individual organs weighed and recorded to the nearest g for each fish. Liver and muscle
tissue were collected and stored in amber glass jars at -20ºC until thawed for analysis. The seven snapper
species included in this study were Silk Snapper (Lutjanus vivanus, n = 48), Queen Snapper (Etelis
oculatus, n = 11), Blackfin Snapper (Lutjanus buccanella, n = 17), Yellowtail Snapper (Ocyurus
chrysurus, n = 19), Black Snapper (Apsilus dentatus, n = 3), Mutton Snapper (Lutjanus analis, n = 3), and
Wenchman (Pristipomoides aquilonaris, n = 89).
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Analysis of Hepatic Lipid Content and Biometric Factors
Lipid content of hepatic tissue was measured using a modified version of the Folch method (90).
Lipids were extracted from 200 mg of homogenized hepatic tissue using agitation and a solution of
methyl-tert-butyl ether, methanol, and Milli-Q filtered water. The organic layer was then collected and
dried to procure the weight of the lipid fraction in relation to the weight of the original tissue subsample
(see (10) for further details). It should be noted that some hepatic samples were too small to conduct both
lipid and contaminant analysis, when that was the case contaminant analysis was prioritized and lipid
analysis was not completed for these samples (n = 4). Hepato-somatic index (HSI) is a ratio indicating the
relative mass of the liver to the total body, and calculated using 𝐻𝑆𝐼 =
condition factor (K) was calculated using 𝐾 = 100 ×

𝑚𝑎𝑠𝑠 𝑜𝑓 𝑡𝑜𝑡𝑎𝑙 𝑏𝑜𝑑𝑦
.
𝑚𝑎𝑠𝑠 𝑜𝑓 𝑙𝑖𝑣𝑒𝑟

𝑏𝑜𝑑𝑦 𝑚𝑎𝑠𝑠 (𝑔)
𝑠𝑡𝑎𝑛𝑑𝑎𝑟𝑑 𝑙𝑒𝑛𝑔𝑡ℎ (𝑐𝑚)3

Fulton’s

(91).

Analysis of Hepatic Contaminants
Tissue samples were prepared for analysis using QuEChERS extraction (92) and clean up
procedures and methodology. The QuEChERS extraction process (Bond Elut dSPE EMR-Lipid, Agilent
Technologies, Santa Clara, CA, USA) was optimized for the highest possible recoveries of the three POP
classes from liver tissues of each fish species (details of extraction methodology provided in Appendix
B). Liver extracts were analyzed for 46 PAHs (19 parental PAHs and their associated alkylated
homologs), 32 PCBs, and 32 OCPs using gas chromatography triple quadrupole mass spectrometry (GCMS/MS, Agilent Technologies 7890 GC and 7010 MS/MS). Liver extracts (2 µL) were injected in
splitless mode using a two-layer sandwich of 0.2 µL analyte protectant (composite solution of 20 mg mL-1
L-gulonolactone and 10mg mL-1 D-sorbitol in ACN), and 2µL of sample extract. Analyte separation was
acheived using a 30m Rxi-5Sil fused silica capillary column (Restek, Bellefonte, PA, USA) in a 7890
Agilent gas chromatograph and confirmed using a 7010 Triple Quadrupole MS/MS (Agilent
Technologies) operating in both multiple reaction monitoring (MRM) and full scan modes. Oven
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parameters are summarized in Appendix B, and acquisition parameters are summarized in Tables 2 and 3
in Appendix B.
Final analyte concentrations were calculated from response factors generated using an external
matrix matched standard, with five point calibration curves (1 – 200 ng mL-1) run at the beginning and
end of the project to assure response factors remained stable (CSV < 20) across the range of
concentrations observed in samples. Method detection limits (MDL) for each analyte were set to the
concentration of the lowest calibration standard in which the analyte peak signal to noise ratio > 3, and
concentrations <MDL were set to ½ MDL prior to continued analysis.

Quality Assurance/Quality Control
I implemented a quality assurance and quality control program (QA/QC) to ensure data met
recognized quality standards (93, 94). The QA/QC program validates extraction efficiencies for each
species by monitoring the recovery of appropriate deuterated standards in all sample extracts, matrix
spikes, and method blanks. Prior to extraction of each species, the methodology was verified via
acceptable recovery of all analytes from matrix spikes. Average recovery of analytes across matrix spikes
was 94% for PCBs, 95% for OCPs, and 86% for PAHs. Solvent and method blanks were used to monitor
and subtract any background contamination. Recovery of surrogate standards averaged 74% in method
blanks; and averaged 81% in samples.

Data Analysis
Data are rounded to three significant digits and reported in ng g-1 wet weight (w.w.), with
preliminary data organization conducted in Microsoft Excel. All statistical tests were conducted using
MATLAB R2020a and the Fathom Toolbox for MATLAB (95). Species and spatial differences in
contaminant concentrations were assessed using non-parametric permutation-based multivariate analysis
of variance (PERMANOVA). If a grouping effect (e.g. species) was determined to be significant, then
differences were further examined using pair-wise PERMANOVA. The significance level (α) was set to
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0.05, and significance was assessed using Bonferroni-adjusted p-values to decrease the probability of type
1 error. Canonical analysis of principal coordinates (CAP) was used to test and visualize compositional
variation between groups. Compositional analysis was conducted using relative abundances calculated
using raw data and standardized by grouping (values <MDL not set to 0.5 MDL). Correlations between
contaminant loads and various biometric and health indicators were assessed using Pearson’s linear
regressions. A ternary plot was generated using PAST software. The inputs for the ternary plot were the
total PCB, OCP and PAH values for each individual fish. This software calculated and plotted each group
as a fraction of the total contaminants detected.
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Results

Hepatic PCBs, OCPs and PAHs
Liver tissue samples (n = 190) from seven species of snapper were analyzed for 32 PCB
congeners, 32 OCPs, and 46 PAHs (19 parental PAHs and their associated homologs). For all species
combined, the measured values for individual PCBs ranged from <MDL to 103 ng g-1 wet weight (w.w.),
individual OCPs from <MDL to 238 ng g-1 (w.w.), and individual PAHs from <MDL to 1,870 ng g-1
(w.w.). The sum of the measured PCBs (ΣPCBs) ranged from 0.80 to 427 ng g-1 (w.w.), ΣOCPs from 4.00
to 247 ng g-1 (w.w.), and ΣPAHs from 60.0 to 2,990 ng g-1 (w.w.). Nearly all snapper analyzed had
detectable levels of PCBs (95.3% of individuals), OCPs (98.4% of individuals), and PAHs (100% of
individuals) in hepatic tissues (analyte detection limits provided in Appendix B).
Significant species-based differences were detected in all three POP groups (Figures 3 and 4), and
were found to be nearly identical whether examining the full Gulf-wide dataset or the subsection of
samples from the Cuban region. Wenchman had significantly higher hepatic ΣPCB loads compared to
Silk Snapper (p = 0.002), Yellowtail Snapper (p = 0.034), and Black Snapper (p = 0.002). Wenchman also
had higher hepatic ΣOCP loads compared to Silk Snapper (p = 0.002), Yellowtail Snapper (p = 0.002) and
Blackfin Snapper (p = 0.046), with Queen Snapper hepatic ΣOCP higher than Yellowtail Snapper (p =
0.002) and Blackfin Snapper (p = 0.043) as well. Silk Snapper hepatic tissues had significantly higher
ΣPAHs when compared to Wenchman hepatic tissues (p = 0.002).
The composition of Wenchman hepatic PCBs also varied from that of other snappers, with a
higher prevalence of PCBs with a low degree of chlorination (tri and tetra chlorobiphenyls). Additionally,
the most abundant congeners (PCB 153 and PCB 170) make up a lower fraction of the total PCB load in
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Wenchman (Figure 4A). Regardless of species, the non-dioxin-like PCBs make up about 80% of the total
hepatic PCBs measured. The most abundant congener found in these samples was PCB 153.
Disparities in hepatic OCP composition are mainly driven by DDE, a metabolite of DDT (Figure
4B). In Wenchman and Queen Snapper DDE was the most abundant OCP, while propachlor was the most
abundant OCP in Yellowtail Snapper and Blackfin Snapper. Silk Snapper hepatic tissues contained a
more balanced distribution, although DDE is still the most abundant OCP. Hepatic PAHs found in all
species consisted mainly of low (2-3 ring) molecular weight compounds (Figure 4C). Profiles for hepatic
PAHs were dominated by naphthalene, dibenzothiophene, and anthracene homologs across all species,
although there was a higher relative abundance of C1 naphthalene in Yellowtail Snapper and Queen
Snapper compared to the other species. Further statistical analysis (spatial patterns and correlations with
biotic factors) were conducted separately for each species due to the observed differences between
species. When examining relationships between the three contaminant groups (Figure 5) the only
significant relationships found were positive correlations between hepatic ΣOCPs and ΣPCBs in both
Wenchman and Yellowtail Snapper (p = 0.013 and p = 0.004, respectively).

Biometric and Fish Health Data
Fish biometric data and health proxy results are summarized by species in Table 1. In this data
set, both hepatic ΣPCBs and ΣOCPs in Wenchman exhibited positive correlations with hepatic lipid
content (r = 0.349 p = 0.002 and r = 0.454 p = 0.001, respectively), standard length (r = 0.448 p = 0.001
and r = 0.419 p = 0.001), and total body weight (r = 0.439 p = 0.001 and r = 0.398 p = 0.003). Hepatic
ΣPAHs in Wenchman were not significantly correlated with hepatic lipid content, standard length, or
weight. Wenchman hepatic ΣPCBs were negatively correlated with Fulton’s condition factor (r = 0.332, p
= 0.006; Figure 6), and ΣPAHs were negatively correlated with Wenchman HSI (r = -0.272, p = 0.020).
Neither hepatic ΣPCBs or ΣOCPs were significantly correlated with Wenchman HSI, and hepatic ΣPAHs
and ΣOCPs were not significantly correlated with Fulton’s condition factor in Wenchman. Silk Snapper
hepatic ΣPAHs exhibited positive correlations with standard length (r = 0.606, p = 0.001) and total body
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weight (r = 0.519, p = 0.001), and a negative correlation with % lipid (r = -0.384, p = 0.010). Hepatic
ΣOCPs and ΣPCBs were not significantly correlated with Silk Snapper hepatic lipid content, standard
length, or weight. Hepatic ΣPCBs in Silk Snapper exhibited a positive correlation with HSI (r = 0.679, p
= 0.004), and a negative correlation with Fulton’s condition factor (r = -0.542, p = 0.008) (Figure 6). No
significant correlations were found between Silk Snapper hepatic ΣOCPs and ΣPAHs and Fulton’s
condition factor or HSI. In both Wenchman and Yellowtail Snapper females were found to have lower
hepatic ΣPAH loads compared to males (p = 0.016 and p = 0.006, respectively; Figure 7). No further
significant correlations between contaminant loads and biotic factors were observed in the other species
included in this study.

Gulf-wide Spatial Comparisons
Wenchman were sampled in all seven regions of the GoM (Figure 1), making this species ideal
for Gulf-wide spatial comparisons. Both the Cuban (p = 0.002) and the NW (p = 0.002) regions had
significantly higher ΣPCB values than the SW region. Wenchman from the NW also had significantly
higher ΣOCP values than the SW (p = 0.008), although Wenchman from the Cuban region had
significantly higher ΣOCP values than both the NW (p = 0.008) and the SW (p = 0.002) regions (Figure
8). The Cuban (p = 0.002), NW (p = 0.015), and SW (p = 0.015) Wenchman all had significantly higher
ΣPAH values than those from the NC region, although the sample size for the NC was small (n = 3), so
results related to this region are tentative.
Canonical analysis of principal coordinates on Wenchman data shows significant compositional
variation between regions in all three contaminant groups (PCBs: p = 0.023, OCPs: p = 0.005, PAHs: p =
0.001) (Figures 9 and 10). Regional variation in PCB composition is driven by PCB 166, 105, 189, 118,
and 169. The Cuban region is associated with PCB 44, 52, 28, and 49. PCB 37 is associated with some
outliers in the YP and CAMP regions (Figure 10a). The OCP composition of the Cuban region is
associated with DDT and its metabolites DDE and DDD, whereas the SW region is associated propachlor
(Figure 10b). Driving compositional variability in PAHs are naphthalene, naphthalene homologs, fluorene
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homologs, dibenzothiophene homologs, phenanthrene, anthracene, and phenanthrene/anthracene
homologs. Compositional separation of the Cuban region is associated with fluorene, acenaphthene, and
C3 dibenzothiophene, while the WFS and NC regions are associated with chrysene, benzo[a]anthracene,
acenaphthylene, and C1 fluoranthene/pyrene (Figure 10c).
The other six species included in this study were only sampled in the Cuban and YP regions (with
the exception of a single Silk Snapper from the WFS region). Silk Snapper from the Cuban region had
higher ΣPAH levels than those from the YP region (p = 0.001), and Yellowtail Snapper had higher ΣPCB
levels in the Cuban region compared to the YP (p = 0.031). Small sample sizes in the remaining species
prevented any meaningful regional comparisons in hepatic POPs from being conducted.

Cuban Spatial Patterns
There were significant differences in snapper contaminant loads along the east-to-west gradient of
the coastline from just east of Havana to San Antonio Bank, ~300 nautical miles to the west (Figures 11
and 12). Hepatic ΣPCBs measured in Wenchman were significantly higher to the east offshore of Havana
(Transect 44) compared to the west offshore of Guanahacabibes National Park (Transect 37, p = 0.010),
the eastern edge of the Gulf of Guanahacabibes (Transect 38, p = 0.010), offshore of Santa Lucia
(Transect 39, p = 0.027), and offshore between Puerto Esperanza and Palma Rubio (Transect 40, p =
0.010). Hepatic ΣPCBs in Wenchman from the middle of the sampling area (Transect 40) were also
higher than those from near Guanahacabibes National Park (Transect 38, p = 0.020). Hepatic ΣOCPs were
significantly higher in Wenchman from Transect 44 compared to Transect 37 (p = 0.040) (Figure 11). No
significant spatial trends in ΣPAHs were detected in Wenchman along the northwestern coast of Cuba.
Silk Snapper from the Cuban region did not demonstrate any significant spatial gradients in hepatic ΣPCB
or ΣOCP values, however Silk Snapper from offshore of Havana (Transect 44) did have lower ΣPAH
values than those from offshore of Guanahacabibes National Park (Transect 37, p = 0.003) or the Gulf of
Guanahacabibes (Transect 38, p = 0.0390) (Figure 12). The remaining five snapper species did not have
large enough sample sizes to conduct meaningful spatial analysis within the Cuban region.
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Discussion

The POP loads measured in these seven species of snapper were generally similar to
those found in other Gulf reef-fish species. Hepatic ΣPAH concentrations for all snapper data combined
(all species and regions) ranged from 60.0 to 2,990 ng g-1 w.w. These values are within the ranges of
hepatic ΣPAHs measured in Gulf Red Snapper (192 to 8,530 ng g-1 w.w.), groupers (69.5 to 21,500 ng g-1
w.w.), and Golden Tilefish (116 to 8,112 ng g-1 w.w ) collected from around the GoM (10, 89, 96).
Another study conducted in the southern Gulf found that total PAHs in muscle tissue of Shoal Flounder
ranged from <DL to 1,658 µg g-1 d.w. (97).
Hepatic ΣPCBs measured in this study ranged from <MDL to 427 ng g-1 w.w., and hepatic
ΣOCPs from <DL to 247 ng g-1 w.w. Concentrations of individual OCPs in GoM mesopelagic fishes
analyzed in the 1970s ranged from <DL to 120 ng g-1 w.w., and ΣPCBs from 2 to 926 ng g-1 w.w. (98). A
study of Red Snapper fillets in the late 1970s found PCBs ranged from <DL to 464 ng g-1 w.w., and
ΣDDT (DDT and metabolites DDD and DDE) ranged from <DL to 322 ng g-1 w.w. (99). My study found
concentrations of ΣDDT to be between <DL and 240 ng g-1 w.w.. More recent data on shark livers from
the northwest GoM found concentration of individual PCBs ranged between <DL to 950 ng g-1 w.w.
(100), which is higher but still in the same order of magnitude as the <MDL to 103 ng g-1 w.w. range
observed in this study. Muscle tissue of inshore fish from the Florida pan handle had individual parental
PAH concentrations ranging from <DL to 6 ng g-1 w.w., total PCBs between 14.79 and 104.23 ng g-1
w.w., and individual OCPs between <DL and 9 ng g-1 w.w. (101). The dominance of PCB 153 in this
study matches the patterns of congener abundance observed globally in most biological samples, and is
due to this congeners prevalence in synthesized materials as well as its slow rate of biotransformation (41,
102, 103). The relative abundance of naphthalene homologs in Wenchman (Figure 4C) exhibit the classic
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pattern observed in petrogenic PAHs (104), suggesting exposure may be driven more by petrochemical
activities such as crude oil extraction and transport rather than combustion related sources.

Inter-Species Variability
Significant differences in hepatic burdens of all three contaminant groups were detected between
Wenchman and Silk Snapper. Differences in PCB and OCP total burdens were also detected between
Wenchman and Yellowtail Snapper, and Queen Snapper had different total hepatic OCP loads when
compared to both Yellowtail Snapper and Blackfin Snapper. These results indicate there is clear variation
in organic contaminant burdens between these seven species of snapper. One explanation for this
observation could be that metabolism and biotransformation rates for PAHs, PCBs and OCPs vary across
these species, and as such each species breaks down and excretes these compounds with varying levels of
efficiency. Species-specific metabolism of xenobiotics has been observed in other marine fishes (27), and
could result in differing levels of accumulation for individual compounds within the livers of these
species (26). Differences in size and trophic level of the species may also be contributing to the
disparities. Variability in exposure and uptake of these compounds could result from differences in diet,
life history, and/or habitat (25). For example, elevated PAH concentrations in Tilefish from the northern
GoM are hypothesized to be due in part to its burrowing lifestyle and close association with oil
contaminated sediments (105). The high DDE concentrations observed in Wenchman and Queen Snapper
may also be a result of sampling location and recent onshore use, as is discussed below.
There have not been in-depth diet or xenobiotic metabolism studies conducted on these species,
therefore it is difficult to assess which factors may be accounting for the observed variation. The limited
information that is available on the diets and habitats of these snapper species does not however appear to
explain the observed differences, as Silk Snapper and Wenchman are known to consume small
fish/crustaceans and live in the same depth range, however these two species have the most different
contaminant burdens. For some species the disparities could also be explained by the small sample sizes
and uneven distribution of sample locations, as all species other than Wenchman and Silk Snapper
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consisted of n > 20 individuals from only a few fishing stations. The species-based variation found by this
study is likely produced by a combination of all the above factors.

Biometric and Health Data
The positive linear relationships between PCB and OCP body burdens and biometric attributes
(e.g. length, weight, and % lipid) in fishes have been well established by previous studies (25, 99, 106).
My data further support those observations, with Wenchman exhibiting significant positive correlations
between hepatic PCBs/OCPs and weight/length/hepatic lipid. The correlations with size (a proxy for age)
are explained by the persistent nature of PCBs and OCPs, which leads to these compounds
bioaccumulating over an individual’s lifetime (26, 54). The lack of correlations between size/percent
hepatic lipid and hepatic ΣPAHs in Wenchman is likely due to PAHs being metabolized and eliminated,
and therefore not bioaccumulating in lipid stores over an individual’s lifetime. Lipophilic compounds
such as PCBs and OCPs are known to be stored in the lipid component of tissues (17, 25), therefore it is
consistent that both ΣPCB and ΣOCP were found to be positively correlated with percent lipid in the
hepatic tissues of Wenchman .
It is surprising that these same correlations are not observed in Silk Snapper, although the
expected correlations could have been obscured by co-occurring factors such as growth dilution or recent
lipid remobilization (12, 25). Even more unexpected are the positive correlations between length/weight
and hepatic ΣPAHs in Silk Snapper. These correlations with size variables may indicate Silk Snapper are
experiencing bioaccumulation of PAHs, where uptake is outpacing their ability to metabolize and excrete
these compounds (18, 25). One alternative explanation is larger Silk Snapper may be exposed to higher
PAH uptake, potentially through dietary changes as body size increases. Distribution of collection
locations for Silk Snapper compared to Wenchman may explain why the correlations between PAHs and
size only occur in the Silk Snapper data, as less Wenchman were collected in the western side of the
sampling area where the highest levels of PAHs were found in Silk Snapper. The lack of significant biotic
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and health factor correlations in the other snapper species is likely explained by the low sample sizes for
those species.
A weak negative correlation between ΣPAHs and lipid content was observed in Silk Snapper
hepatic tissues. This phenomenon which has been observed in other demersal fish species (10, 96, 107) is
often attributed to high metabolic capacity and low assimilation efficiencies (18, 108). The hepatosomatic index (HSI) reflects the relative size of the liver compared to the whole fish. As such, correlations
between contaminant concentrations and HSI suggest enlargement (positive correlation) or atrophy
(negative correlation) of the liver when exposed to elevated levels of contaminants. The liver serves an
important role in energy storage for fish, with higher HSI values thought to indicate increased energetic
reserves and overall fitness (109, 110). Wenchman HSI was negatively correlated with hepatic ΣPAHs,
suggesting that elevated PAH exposure may be leading to liver atrophy and depleted energy reserves in
this species. In Silk Snapper, HSI is positively correlated with hepatic ΣPCBs. This correlation has also
been observed in Coho Salmon (Oncorhynchus kisutch), where Salmon fed PCB-containing diets were
found to have higher HSI values (111), and could indicate that elevated PCB exposure may be causing
enlargement of Silk Snapper livers. Although the mechanism behind these correlations cannot be
definitively determined from the data available in this study, these results indicate that exposure to
elevated levels of these contaminants are affecting the organ and tissue structures of these species.
Interpretation of HSI and other biometric matrices is complicated by the likely co-occurrence of a
number of other xenobiotics and effects of various anthropogenic stressors (112). For example, past
research has shown there is fair amount of municipal sewage released offshore of Havana (68, 75), and
elevated HSI in freshwater fish has been found to correlate with exposure to municipal sewage effluent
(113). Because elevated levels of PCBs and municipal sewage likely co-occur in this study, this limits
interpretation of the positive correlation found between ΣPCB and HSI in Silk Snapper. Additional factors
which are unrelated to pollutant stressors such as sex and seasonal cycles can complicate interpretation of
observed trends as well by affecting accumulation of contaminants, HSI, and condition factor (24, 110,
112).
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Fulton’s condition factor (K) is used as a general measure of fish condition, with a higher K value
assumed to indicate an individual is well-fed, healthy, and therefore may have higher overall fitness (91,
114). The negative correlations observed between ΣPCB and K in both Wenchman and Silk Snapper
implies that fish with elevated hepatic PCBs tend to have a lower body weight for their length, and
therefore indicates a potential decline in fish health with increasing PCB burdens. Elevated PCB
concentrations in snapper in this study may be resulting in weight loss and reduced condition by effecting
the metabolism or general health of the organism, as exposure to xenobiotics has been found to increase
energetic costs as well as an individual’s susceptibility to parasites and diseases (96, 115-117). Condition
factors are however also influenced by other co-occurring variables such as prey availability, sex, capture
date relative to reproductive season, and age (114, 118, 119). The highest ΣPCB values in my study were
measured in fish from near the city of Havana, where heavy fishing pressure and high levels of other
anthropogenic pollutants occur (60, 61, 65, 66, 68, 75).
Both Wenchman and Yellowtail Snapper females had significantly lower hepatic ΣPAHs than
males. No significant differences in hepatic lipid or length were observed between males and females in
any of the species in this study, so it is unlikely those variables are driving the observed sex-based
differences in contaminant loads. These results might suggest the occurrence of maternal offloading;
where PAHs are being remobilized with lipids and transferred to eggs during female gametogenesis (17).
The possibility of maternal offloading occurring in Wenchman and Yellowtail Snapper could result in
reduced reproductive success for these species due to the negative health impacts of elevated PAH
concentrations in the eggs and developing larvae (15, 36). Decreases in reproductive success for these fish
could then result in impacts to population size for these overfished species (61, 62, 64). Samples for this
study were collected between May and August when Wenchman and Yellowtail Snapper are known to
spawn (82, 85), therefore it is likely that any maternal offloading occurring in the population would be
reflected by the individuals sampled. It would be expected that any maternal offloading occurring in the
population would be reflected across all lipophilic compounds present (as has been observed in other
species (120)), so it is surprising that sex-based differences were not observed in PCB or OCP
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concentrations. Maternal transfer of PAHs has been observed in a number of fish species including feral
mesopelagic fishes from the GoM, and the effects on larval fish are known to include decreased growth
and survival rates (121-124).
The concentrations of PCBs, OCPs and PAHs observed in these snapper populations are below
the concentrations generally found to cause mortality, but within the range of concentrations known to
result in sublethal effects for some fish species (125, 126). A recent meta-analysis of information on PCB
toxicity in fish concluded that significant effects on mortality, reproduction, and growth are supported at
whole body concentrations above 100 ng g-1 w.w. ΣPCBs (127). The upper range of hepatic
concentrations measured in this study is over 100 ng g-1 w.w., although these parameters were reported for
whole body concentrations while this study assessed hepatic tissue. Whole body concentrations are likely
to be lower than hepatic, however this still serves as a useful threshold for evaluating potential PCB
impacts. The recommended threshold for mortality impacts of DDT in fish is 600 ng g-1 (whole body
concentration) (128). The DDT concentrations measured in my study are 3x lower than this recommended
threshold, however this threshold does not account for any sublethal effects, which are known to occur at
lower concentrations. Past studies on GoM demersal fishes have suggested that hepatic PAH
concentrations within the same general range found in this study may be resulting in sublethal effects (10,
107). These studies have found that fish with hepatic PAH concentrations at the high end of those
observed in this study exhibit signs of sublethal effects such as immunotoxicity and changes in hepatic
histology (9, 96).

Gulf-Wide Spatial Trends
Wenchman were the only snapper species collected in all seven regions of the Gulf, therefore
analysis Gulf-wide spatial trends focused mainly on this species. Hepatic PCBs in Wenchman did vary
between regions, with relative abundance profiles in the northwest and Cuban regions less dominated by
PCB 153, PCB 179, and PCB 170 than in the southwest region (Figure 9a). Wenchman from the Yucatán
Peninsula appear to have a more even distribution of PCB congener abundance; however this may be an
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artifact of the low sample size from that region (n = 4). The relative abundance profiles for hepatic OCPs
in Wenchman from the Cuban and Yucatán Peninsula regions are dominated by DDE, while the
northwest and southwest regions contain a greater proportion of metolachlor (dominant in the northwest
region) and propachlor (dominant in the southwest region), as well as other OCPs such as dieldrin,
endosulfan, and methoxychlor (Figure 9b). The regional differences observed in hepatic OCP
compositions of Wenchman are likely driven by variation in onshore use of these pesticides. For example,
propachlor and metolachlor are still in use as herbicides for crops such as corn which are commonly
grown in the U.S., and DDT (of which DDE is a metabolite) is still used as an insecticide in Caribbean
countries. Hepatic PAH compositions in Wenchman from all regions of the Gulf were dominated by low
molecular weight PAHs, with the most abundant being dibenzothiophene and anthracene homologs,
followed by naphthalene homologs (Figure 9c).
Concentrations of hepatic PCBs tend to vary predictably across latitudes due to the global
fractionation effect (59), which transports PCBs across latitudes based on volatility and temperature. The
relatively small latitudinal range of the GoM is however unlikely to exhibit significant PCB fractionation
along this globally-scaled gradient. The regional differences in ΣPCBs (Figure 8) and PCB composition
(Figures 9 and 10) in this study are therefore likely driven by more local variations in sources and/or
transport of these compounds. The lower ΣPCBs observed in Wenchman from the SW region could be
due to the relatively low density of industrial activity in the adjacent land mass which drains into this
region of the Gulf (129). In contrast, the NC and NW regions have relatively higher density development
onshore, and snapper collected in the NW region had relatively high hepatic ΣPCBs. Offshore transport is
one of the dominant transport patterns in the NW region of the Gulf (130), and this may be contributing to
the relatively high levels of PCBs and OCPs observed in snapper from the NW region.
Wenchman collected off Cuba had the highest levels of hepatic PCBs and OCPs compared to
other GoM regions in this study. The elevated PCBs and OCPs observed in the Cuban region are likely
driven in part by variation in the distances of sampling locations from land. Fishing locations were
selected along transects extending from shallow (~40 m) to deep (~300 m) depths across the continental
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shelf. The majority of the GoM has a very wide gradually sloping continental shelf, but the Cuban region
has a very narrow and steep sloped continental shelf. This required all the fishing stations within the
Cuban region to be located much closer to shore compared to those in other Gulf regions (3). Most
anthropogenic contaminants occur in relatively higher concentrations in coastal zones, with water quality
and anthropogenic influence known to improve with distance offshore (11). This is especially true for
lipophilic contaminants such as PCBs, OCPs and PAHs which are often stored in lithogenous sediments
(42). Although the elevated levels of PCBs and OCPs observed in snapper from the Cuban region may
have been driven by distance from shore that does not diminish the importance of this observation, as it
implies that Cuban fish populations may be universally exposed to contaminant levels experienced only
by inshore populations elsewhere in the GoM.
Differences in historical and continued use around the GoM and wider Caribbean could also be
contributing to the regional variation observed in both OCPs and PCBs. For example, the continued or
recent use of DDT (52) likely explains the high concentrations of DDT and its metabolites DDD and
DDE in the Cuban region compared to the rest of the Gulf. These high concentrations of DDT/DDD/DDE
in the Cuban region in turn drive the compositional differences observed between regions, as DDT and its
metabolites DDD and DDE make up the highest percentage of the Cuban regions total OCPs, whereas
other regions are dominated by other OCPs such as propachlor (Figures 9 and 10). Another factor which
may play a part in the high OCP and PCB levels observed in the Cuban region may be the currents in that
area. Aquatic pollution could be transported into Cuban fisheries via the Yucatán Channel and Florida
Straits, with contaminants discharged by Caribbean countries or other regions of the Gulf circulated along
the Cuban coast.
Regional variation in onshore PCB use is convoluted to interpret. The use of PCBs was banned in
the U.S. in 1979, in Mexico in 1988 (53, 57), and Cuban import likely decreased dramatically after the
collapse of the Soviet Union in the early 1990s. Although PCBs were banned and are no longer
commercially available, they may still be present in products produced prior to the ban, and minor inputs
from routine leaks in transformers, landfills, etc. are expected to continue in all regions of the Gulf (41,
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53). In addition, heavy historical use of both PCB and OCPs likely resulted in persistent environmental
reservoirs which will continue to cycle for decades (41), further obscuring the effect of when these
compounds were banned in each region.
The only significant regional differences found in ΣPAHs were comparing the NC region to other
regions. These results are likely unreliable artifacts of the extremely small sample size (n = 3) from the
NC region, and should be interpreted with caution. The lack of any reliable regional differences in ΣPAHs
is likely explained by the high metabolic capacity of fish for these compounds, as well as having low
sample sizes from areas such as the NC region. Previous studies have indicated fishes from the NC region
of the Gulf may be experiencing elevated levels of chronic PAH exposure (9, 31, 89). In addition, the
multitude of sources for PAHs in all regions of the GoM has likely contributed to ubiquitous distributions
of these compounds across these GoM snapper fisheries (9).
Comparing the results of multiple studies can be challenging due to disparities in methodology
and reporting (131), however the contaminant concentrations measured here in the GoM appear similar to
those found in other regions of the world. Hepatic samples from fish in the Belgian North Sea were found
to have individual PCBs from <DL to 530 ng g-1 w.w. DDT between 0.08 and 26 ng g-1 w.w., DDE from
1.7 to 270 ng g-1 w.w., and DDD between 0.6 and 120 ng g-1 w.w. (102). In comparison, the snapper
analyzed by this study were found to have hepatic concentrations of individual PCBs within the same
order of magnitude but a bit lower (from <MDL to 103 ng g-1 wet weight (w.w.)), DDT (between <MDL
and 53.4 ng g-1 w.w.), DDE (from <MDL to 238 ng g-1 w.w.), and DDD (between <MDL and 6.0 ng g-1
w.w.) in this study had almost the same ranges as the Belgian samples. In 1996 whole fish from Columbia
were found to contain 0.7 to 0.78 ng g-1 w.w. of DDT (53), these lower levels are likely explained by the
analysis of whole body concentration compared to liver tissue concentration.
There is a significant lack of PAH data from fish populations in the wider Caribbean region
(131), however the values observed by this study are within the same general range of hepatic PAHs
observed in fish from other areas of the world. Whole fish from Nigeria were determined to have
individual PAHs ranging from <DL to 29,000 ng g-1 d.w. (132). Mean concentrations of individual
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parental PAHs in muscle tissue of coastal fish in Ghana ranged from <DL to 54 ng g-1 w.w. (133). Data
collected on PAHs in estuarine fish livers from Europe found individual parental PAH concentrations
between <DL and 166 ng g-1 whole weight in liver tissue (134). Finfish from coastal Bangladesh had
individual PAHs between <LOD and 1,540 ng g-1 w.w. (135). These data sets report concentrations for
individual PAHs to be in the same general range and order of magnitude and as those seen in this study
(<MDL to 1,870 ng g-1 w.w.). The dominance of low molecular weight PAHs is a pattern consistent with
other data sets of PAHs in fish. Because coastal zones generally contain higher levels of anthropogenic
contaminants (11), the similarity observed between PAH concentrations in GoM fish and coastal fish
from other areas suggests that GoM fish may be experiencing relatively high levels of PAH exposure.

Cuban Spatial Trends
Hepatic ΣPCBs concentrations in Wenchman from the Cuban region are significantly higher at
the eastern locations near Havana and decline rapidly further to the west (Figure 11). The sampling area
in the Cuban region extends from the heavily developed capital city of Havana in the east (Transect 44),
to the rural conservation area known as Guanahacabibes National Park at the western most tip of Cuba
(Transects 37 and SAB) (Figure 2). Increased PCB contamination is associated with heavy industry and
urban development, so the gradient observed in Wenchman hepatic ΣPCBs is likely driven by the
corresponding gradient in density of development and industrialization onshore. This explanation is
further supported by the negative correlation (r = -0.688, p < 0.001) between hepatic ΣPCB loads in
Wenchman and distance (km) from the mouth of Havana Harbor (Figure 12). Past studies have found
similar trends, with impacts from anthropogenic contaminants decreasing further from Havana (63, 68,
74, 75). Concentrations of PCBs in onshore sediments have also been found to decrease with distance
from Havana (136), demonstrating similar patterns in onshore pollution that corresponds to those found
offshore. The tightly coupled onshore and offshore gradients (in development/industry and contaminant
load, respectively) suggests that PCB contamination in Cuban Wenchman is driven mainly by local
onshore sources. The existence of such clear spatial variation in hepatic PCBs additionally suggests that
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both the fish and PCB contamination within the marine environment are staying localized and not
migrating or being transported far along the Cuban coastline.
A similar pattern of elevated levels in Wenchman near Havana was observed in DDT and its
metabolites (DDE and DDD). The high levels found offshore of Havana are likely driven by both recent
and historical spraying of DDT in residential and commercial areas (76, 131). In addition to any recent
onshore use of these contaminants, the sediment transported out of Havana harbor and the neighboring
Almendares River is likely acting as a reservoir of historical DDT and PCBs in the marine benthos (43,
68). The lack of spatial patterns in other OCPs within the Cuban region could be the result of a
combination of low sample sizes and conflicting point sources.
There are many potential PAH sources along the Gulf-facing coastline of Cuba, including
onshore combustion (motors, power plants, etc.), oil industry (drilling, refineries, etc.) (137), and boat
engines (local traffic and nearby international shipping channels). In addition, there are naturally
occurring seeps and dense oil drilling in other areas of the Gulf (68), from which hydrocarbons could be
transported to the Cuban shelf by the Gulf Stream, Florida Straits, and associated eddies. The elevated
ΣPAH concentrations found in Silk Snapper from the western edge (Transects 37 and 38) of the sampling
area (Figure 13) may be driven by proximity to major shipping lanes and naturally occurring offshore
seeps. Shipping traffic produces PAHs via incomplete combustion of engine fuel, as well as accidental
spills and leaks during petroleum transportation, and the western edge of the Cuban sampling area is in
close proximity to the dense shipping traffic passing through the Yucatán Channel (31). Elevated PAHs in
the area near the Yucatán Channel have been observed in other studies as well, with both sediment and
fish datasets exhibiting elevated concentrations of PAHs on the side of the Yucatán Peninsula which is
closest to the Yucatán Channel (31, 89). The lack of spatial trends observed in Wenchman hepatic PAHs
along the Cuban coastline is likely explained by the high capacity of this species to metabolize PAHs, as
any spatial variation in PAH exposure would likely not appear as accumulation in the hepatic tissue so
long as the levels of exposure throughout the area are below the maximum capacity for metabolism (17).
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An alternative explanation could be that Wenchman are more mobile than Silk Snapper, however the
existence of clear spatial gradients of other contaminants in Wenchman argues against this explanation.

Conclusions
Consideration of the many anthropogenic factors affecting the GoM is an important part of
sustainable ecosystem management. Many critical knowledge gaps remain in the Cuban portion of the
GoM, including understanding the presence and impacts of organic contaminants. This study addresses a
portion of that gap by assessing the presence of three types of problematic contaminants in important
Cuban fishes. These results indicate significant differences in hepatic PCB, OCP and PAH burdens
between species analyzed. This variation between species has been observed in previous studies; and is
likely driven by species-specific metabolism and elimination rates. Correlations between ΣPAHs and
biometric factors in Silk Snapper suggest PAH exposure rates may be outpacing PAH metabolism; and
are therefore seeing increased liver concentrations. Condition factor in Wenchman and Silk Snapper is
negatively correlated with hepatic ΣPCB concentrations, indicating the potential for elevated PCB
concentrations to lower the overall fitness of these species. In Wenchman the negative correlation
between HSI and ΣPAHs also suggest reduced energy reserves in individuals exposed to high PAH
concentrations. Lower hepatic ΣPAH concentrations were observed in female Wenchman and Yellowtail
Snapper compared to males. This is consistent with the hypothesis that these contaminants are being
offloaded into eggs, although I did not evaluate contaminant concentrations in reproductive products. The
correlations between organic contaminants and biotic/health factors observed in this study suggest that
snapper populations exposed to elevated concentrations of these contaminants may thus be experiencing a
range of sub-lethal negative health effects. These effects have the potential to be manifested at a
population level. While the population-level implications of these sub-lethal effects can be hard to
quantify, modeling of the potential impacts of elevated exposure on lifetime egg production, hatching
success and larval outcomes is an obvious next step.
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Spatial differences in organic contaminants are likely driven by variation in onshore point and
non-point sources of pollution, riverine input, and proximity to marine vessel thoroughfares. The higher
hepatic ΣPCBs and ΣOCPs found in Wenchman from the Cuban region, compared to other regions of the
Gulf, may be due to the narrow continental shelf compressing Cuban snapper populations much closer to
shore. The slower phasing out of PCBs and some insecticides in Cuba likely plays a role as well. Within
the Cuban region PCBs and DDT/DDD/DDE in Wenchman appear to be reflecting local gradients in
onshore development, with elevated levels observed offshore of Havana at the eastern edge of the
sampling area. The opposite gradient is observed in Silk Snapper ΣPAHs, with high levels at the western
tip of Cuba potentially driven by vessel-related pollution from the nearby Yucatán Channel and natural
seeps.
Almost all fish included in this study contained detectable quantities of all three groups of these
contaminants, regardless of location, and across all regions of the Gulf, indicating that PCB, OCP, and
PAH contamination in fishes is ubiquitous in the GoM. As such, continued monitoring of these
compounds is needed in all three countries, and the potential impacts of these contaminants should be
considered when assessing the health of GoM fisheries. A Gulf-wide baseline for these contaminants is
needed in order to understand their presence and fate, as well as any potential impacts they may be having
on GoM biota. This data also provides critical baseline data for assessing the impact of any future
pollution events or changes in contaminant inputs within this area. The information presented by this
study will contribute to the larger base of knowledge on organic contaminants in the Gulf of Mexico; and
will assist in future management decisions for Cuban fisheries within the study area.

31

References

1.

NOAA, Annual Commercial Landing Statistics (2017 https://www.st.nmfs.noaa.gov/commercialfisheries/commercial-landings/annual-landings/index).

2.

Fisheries Economics of the United States (2016
https://www.fisheries.noaa.gov/resource/document/fisheries-economics-united-states-report2016).

3.

S. A. Murawski, E. B. Peebles, A. Gracia, J. W. Tunnell Jr, M. Armenteros, Comparative
Abundance, Species Composition, and Demographics of Continental Shelf Fish Assemblages
throughout the Gulf of Mexico. Marine Coastal Fisheries: Dynamics, Management, and
Ecosystem Science 10, 325-346 (2018).

4.

A. S. Kough, R. Claro, K. C. Lindeman, C. B. Paris, Decadal analysis of larval connectivity from
Cuban snapper (Lutjanidae) spawning aggregations based on biophysical modeling. Marine
Ecology Progress Series 550, 175-190 (2016).

5.

N. K. Jue, T. Brule, F. C. Coleman, C. C. Koenig, From shelf to shelf: assessing historical and
contemporary genetic differentiation and connectivity across the Gulf of Mexico in gag,
Mycteroperca microlepis. PloS one 10, (2015).

6.

S. A. Murawski et al., Scenarios and Responses to Future Deep Oil Spills: Fighting the Next
War. (Springer, 2019).

7.

NOAAA, Ecosystem Status Report for the Gulf of Mexico (2013).

8.

D. T. Logan, Perspective on ecotoxicology of PAHs to fish. Human and Ecological Risk
Assessment 13, 302-316 (2007).

9.

S. A. Murawski et al., Deep Oil Spills: Facts, Fate, and Effects. (Springer, 2019).

10.

E. L. Pulster et al., Chronic PAH exposures and associated declines in fish health indices
observed for ten grouper species in the Gulf of Mexico. Science of the Total Environment 703,
135551 (2020).

11.

C. H. Ward, J. W. Tunnell, in Habitats and Biota of the Gulf of Mexico: Before the Deepwater
Horizon Oil Spill. (Springer, 2017), pp. 1-54.

12.

U. Varanasi, Metabolism of polycyclic aromatic hydrocarbons in the aquatic environment. (CRC
Press, 1989).

13.

M. A. Miller, Maternal transfer of organochlorine compounds in salmonines to their eggs.
Canadian Journal of Fisheries and Aquatic Sciences 50, 1405-1413 (1993).

14.

T. Andersson, L. Förlin, Regulation of the cytochrome P450 enzyme system in fish. Aquatic
Toxicology 24, 1-19 (1992).

15.

G. N. Cherr, E. Fairbairn, A. Whitehead, Impacts of petroleum-derived pollutants on fish
development. Annual review of animal biosciences 5, 185-203 (2017).
32

16.

B. M. Hedgpeth, R. J. Griffitt, Simultaneous exposure to chronic hypoxia and dissolved
polycyclic aromatic hydrocarbons results in reduced egg production and larval survival in the
sheepshead minnow (Cyprinodon variegatus). Environmental toxicology and chemistry 35, 645651 (2016).

17.

K. B. Tierney, A. P. Farrell, C. J. Brauner, Fish Physiology: Organic Chemical Toxicology of
Fishes. (Academic Press, 2013), vol. 33.

18.

R. V. Thomann, J. Komlos, Model of biota‐sediment accumulation factor for polycyclic aromatic
hydrocarbons. Environmental Toxicology and Chemistry: An International Journal 18, 10601068 (1999).

19.

J. Borja, D. M. Taleon, J. Auresenia, S. Gallardo, Polychlorinated biphenyls and their
biodegradation. Process Biochemistry 40, 1999-2013 (2005).

20.

P. Dureja, H. S. Rathore, in Pesticides: Evaluation of Environmental Pollution, H. S. Rathore, L.
M. L. Nollet, Eds. (CRC Press Taylor and Francis Group, 2012), chap. 13, pp. 361-392.

21.

D. M. Walters, M. A. Mills, B. S. Cade, L. P. Burkard, Trophic magnification of PCBs and its
relationship to the octanol− water partition coefficient. Environmental science & technology 45,
3917-3924 (2011).

22.

R. V. Thomann, Bioaccumulation model of organic chemical distribution in aquatic food chains.
Environmental science & technology 23, 699-707 (1989).

23.

R. W. Russell, F. A. Gobas, G. D. Haffner, Role of chemical and ecological factors in trophic
transfer of organic chemicals in aquatic food webs. Environmental Toxicology and Chemistry: An
International Journal 18, 1250-1257 (1999).

24.

I. G. Hallanger et al., Seasonality in contaminant accumulation in Arctic marine pelagic food
webs using trophic magnification factor as a measure of bioaccumulation. Environmental
Toxicology and Chemistry 30, 1026-1035 (2011).

25.

D. Mackay, J. A. Arnot, F. A. Gobas, D. E. Powell, Mathematical relationships between metrics
of chemical bioaccumulation in fish. Environmental toxicology and chemistry 32, 1459-1466
(2013).

26.

H. J. Geyer et al., in Bioaccumulation–New Aspects and Developments. (Springer, 2000), pp. 1166.

27.

E. L. Pulster, K. Main, D. Wetzel, S. Murawski, Species‐specific metabolism of naphthalene and
phenanthrene in 3 species of marine teleosts exposed to Deepwater Horizon crude oil.
Environmental toxicology and chemistry 36, 3168-3176 (2017).

28.

I. R. MacDonald et al., Natural and unnatural oil slicks in the G ulf of M exico. AGU Journal of
Geophysical Research: Oceans 120, 8364-8380 (2015).

29.

H. I. Abdel-Shafy, M. S. Mansour, A review on polycyclic aromatic hydrocarbons: source,
environmental impact, effect on human health and remediation. Egyptian Journal of Petroleum
25, 107-123 (2016).

30.

J. M. Neff, Polycyclic Aromatic Hydrocarbons in the Environment; Sources, Fates, and
Biological Effects. (Applied Science Publishers Ltd, Essex, England, 1979), pp. 262.

31.

E. L. Pulster et al., A first comprehensive Baseline of Hydrocarbon pollution in Gulf of Mexico
fishes. Scientific reports 10, 1-14 (2020).

32.

A. Tuvikene, in Annales Zoologici Fennici. (JSTOR, 1995), pp. 295-309.

33

33.

J. Beyer, H. C. Trannum, T. Bakke, P. V. Hodson, T. K. Collier, Environmental effects of the
Deepwater Horizon oil spill: a review. Marine Pollution Bulletin 110, 28-51 (2016).

34.

S. A. Murawski, W. T. Hogarth, E. B. Peebles, L. Barbeiri, Prevalence of External Skin Lesions
and Polycyclic Aromatic Hydrocarbon Concentrations in Gulf of Mexico Fishes, Post-Deepwater
Horizon. Transactions of the American Fisheries Society 143, 1084-1097 (2014).

35.

J. P. Incardona et al., Deepwater Horizon crude oil impacts the developing hearts of large
predatory pelagic fish. Proceedings of the National Academy of Sciences 111, E1510-E1518
(2014).

36.

C. Pasparakis, A. J. Esbaugh, W. Burggren, M. Grosell, Physiological impacts of Deepwater
Horizon oil on fish. Comparative Biochemistry and Physiology Part C: Toxicology &
Pharmacology 224, 108558 (2019).

37.

J. Meador, J. Stein, W. Reichert, U. Varanasi, in Reviews of Environmental Contamination and
Toxicology. (Springer, 1995), pp. 79-165.

38.

S. Bertilsson, A. Widenfalk, Photochemical degradation of PAHs in freshwaters and their impact
on bacterial growth–influence of water chemistry. Hydrobiologia 469, 23-32 (2002).

39.

A. L. C. Lima, J. W. Farrington, C. M. Reddy, Combustion-derived polycyclic aromatic
hydrocarbons in the environment—a review. Environmental Forensics 6, 109-131 (2005).

40.

N. R. Council, Polychlorinated biphenyls: a report. (National Academies, 1979).

41.

A. Beyer, M. Biziuk, in Reviews of Environmental Contamination and Toxicology Vol 201.
(Springer, 2009), pp. 137-158.

42.

B. J. Brownawell, J. W. Farrington, Biogeochemistry of PCBs in interstitial waters of a coastal
marine sediment. Geochimica et Cosmochimica Acta 50, 157-169 (1986).

43.

K. J. Farley, R. V. Thomann, T. Cooney, D. R. Damiani, J. R. Wands, An integrated model of
organic chemical fate and bioaccumulation in the Hudson River Estuary. Prepared for the
Hudson River Foundation. Manhattan College, Riverdale, NY, (1999).

44.

F. Wania, Y. Su, Quantifying the global fractionation of polychlorinated biphenyls. AMBIO: A
Journal of the Human Environment 33, 161-169 (2004).

45.

A. Agudo et al., Polychlorinated biphenyls and polybrominated biphenyls. IARC Monographs
On The Evaluation Of Carcinogenic Risks To Humans (IARC Press, 2016), vol. 107.

46.

M. S. Islam, M. Tanaka, Impacts of pollution on coastal and marine ecosystems including coastal
and marine fisheries and approach for management: a review and synthesis. Marine Pollution
Bulletin 48, 624-649 (2004).

47.

K. D. LeRoy, P. Thomas, I. A. Khan, Thyroid hormone status of Atlantic croaker exposed to
Aroclor 1254 and selected PCB congeners. Comparative Biochemistry and Physiology Part C:
Toxicology & Pharmacology 144, 263-271 (2006).

48.

J. Hugla, J.-P. Thomé, Effects of polychlorinated biphenyls on liver ultrastructure, hepatic
monooxygenases, and reproductive success in the barbel. Ecotoxicology and Environmental
Safety 42, 265-273 (1999).

49.

M. Abdollahi, A. Ranjbar, S. Shadnia, S. Nikfar, A. Rezaiee, Pesticides and oxidative stress: a
review. Medical Science Monitor 10, RA141-RA147 (2004).

50.

EPA. (United States Government, 1972).

34

51.

C. f. E. C. o. N. America. (2003), chap. http://www3.cec.org/islandora/en/item/1968-ddt-nolonger-used-in-north-america-en.pdf.

52.

C. Rehwagen, WHO recommends DDT to control malaria. Bmj 333, 622 (2006).

53.

L. Castillo et al., "Central America and the Caribbean Regional Report. Regionally Based
Assessment of Persistent Toxic Substances. United Nations Environment Programme, Chemicals
(UNEP Chemicals), Geneva, Switzerland, 145 pp," (United Nations, 2002).

54.

A. Chopra, M. K. Sharma, S. Chamoli, Bioaccumulation of organochlorine pesticides in aquatic
system—an overview. Environmental Monitoring Assessment 173, 905-916 (2011).

55.

S. Karami-Mohajeri, M. Abdollahi, Toxic influence of organophosphate, carbamate, and
organochlorine pesticides on cellular metabolism of lipids, proteins, and carbohydrates: a
systematic review. Human and Experimental Toxicology 30, 1119-1140 (2011).

56.

D. Bussolaro et al., Bioaccumulation and related effects of PCBs and organochlorinated
pesticides in freshwater fish Hypostomus commersoni. Journal of Environmental Monitoring 14,
2154-2163 (2012).

57.

Persistent Organic Pollutants: A Global Issue, A Global Response (2017
https://www.epa.gov/international-cooperation/persistent-organic-pollutants-global-issue-globalresponse).

58.

R. Van der Oost, J. Beyer, N. P. Vermeulen, Fish bioaccumulation and biomarkers in
environmental risk assessment: a review. Environmental Toxicology and Pharmacology 13, 57149 (2003).

59.

S. L. Simonich, R. A. Hites, Global distribution of persistent organochlorine compounds. Science
269, 1851-1854 (1995).

60.

J. A. Baisre, An overview of Cuban commercial marine fisheries: the last 80 years. Bulletin of
Marine Science 94, 359-375 (2018).

61.

R. Puga et al., Vulnerability of nearshore tropical finfish in Cuba: implications for scientific and
management planning. Bulletin of Marine Science 94, 377-392 (2018).

62.

R. Claro, Y. S. de Mitcheson, K. C. Lindeman, A. R. García-Cagide, Historical analysis of Cuban
commercial fishing effort and the effects of management interventions on important reef fishes
from 1960–2005. Fisheries Research 99, 7-16 (2009).

63.

C. Aguilar, G. Gonzalez-Sanson, K. Munkittrick, D. MacLatchy, Fish assemblages on fringe
coral reefs of the northern coast of Cuba near Havana Harbor. Ecotoxicology and environmental
safety 58, 126-138 (2004).

64.

E. de la Guardia et al., Indicators of overfishing of snapper (Lutjanidae) populations on the
southwest shelf of Cuba. Ocean and Coastal Management 153, 116-123 (2018).

65.

A. Duran et al., Fishing, pollution, climate change, and the long-term decline of coral reefs off
Havana, Cuba. Bulletin of Marine Science 94, 213-228 (2018).

66.

H. González, Heavy metal surveys in sediments of five important Cuban Bays. Biogeochemistry
14, 113-128 (1991).

67.

J. Beltrán, F. Ruiz, L. Vega, Contaminación por hidrocarburos del petróleo en la Bahıa de La
Habana, Cuba. Revista Cientıfico-Técnica del IIT. Transporte Desarrollo y Medio Ambiente,
Cuba 18, 5-10 (1998).

35

68.

C. C. Martins et al., Hydrocarbon and sewage contamination near fringing reefs along the west
coast of Havana, Cuba: A multiple sedimentary molecular marker approach. Marine pollution
bulletin 136, 38-49 (2018).

69.

N. S. de Freitas Alves, A. Westbrook12, in Annual Proceedings. (The Association for the Study
of the Cuban Economy, 2016), vol. 26.

70.

Y. Zhang et al., Upgrade of Wastewater Sistema Central in Havana, Cuba. West Indian Journal of
Engineering 36, (2013).

71.

H. González, I. Torres, Heavy metals in sediments around a sewage outfall at Havana, Cuba.
Marine Pollution Bulletin 21, 253-255 (1990).

72.

D. Hernandez-Munoz, P. M. Alcolado, M. Hernandez-Gonzalez, Effects of a submarine discharge
of urban waste on octocoral (Octocorallia: Alcyonacea) communities in Cuba. Revista de biologia
tropical 56, 64-75 (2008).

73.

C. Aguilar, G. Gonzalez-Sanson, I. Hernandez, D. L. MacLatchy, K. R. Munkittrick, Effectsbased assessment in a tropical coastal system: status of bicolor damselfish (Stegastes partitus) on
the north shore of Cuba. Ecotoxicology and environmental safety 67, 459-471 (2007).

74.

Y. C. Páez, C. A. Betancourt, G. G. Sasón, F. Antonelli, La Atresia en Stegastes partitus (Poey,
1868) (Actinopterygii: Pomacentridae) Como Indicador de Impacto Ambiental. Revista de
Investigaciones Marinas 30, 107-115 (2009).

75.

S. Castellanos-Iglesias et al., Organic contamination as a driver of structural changes of hydroid's
assemblages of the coral reefs near to Havana Harbour, Cuba. Marine pollution bulletin 133, 568577 (2018).

76.

I. Tolosa, M. Mesa-Albernas, C. Alonso-Hernandez, Organochlorine contamination (PCBs,
DDTs, HCB, HCHs) in sediments from Cienfuegos bay, Cuba. Marine Pollution Bulletin 60,
1619-1624 (2010).

77.

C. Alonso-Hernandez, M. Mesa-Albernas, I. Tolosa, Organochlorine pesticides (OCPs) and
polychlorinated biphenyls (PCBs) in sediments from the Gulf of Batabanó, Cuba. Chemosphere
94, 36-41 (2014).

78.

J. Sericano et al., Trace organic contamination in the Americas: an overview of the US National
Status & Trends and the International ‘Mussel Watch’programmes. Marine Pollution Bulletin 31,
214-225 (1995).

79.

NOAA, in (National Centers for Coastal Ocean Science, Data Collections, 2017).

80.

R. Claro, K. C. Lindeman, Spawning aggregation sites of snapper and grouper species
(Lutjanidae and Serranidae) on the insular shelf of Cuba. Gulf and Caribbean Research 14, 91106 (2003).

81.

R. Claro, K. C. Lindeman, L. R. Parenti, Ecology of the marine fishes of Cuba. (Smithsonian
Institution, 2001).

82.

R. Parker Jr, R. W. Mays, "Southeastern US deepwater reef fish assemblages, habitat
characteristics, catches, and life history summaries," (1998).

83.

B. Gobert et al., Biology of queen snapper (Etelis oculatus: Lutjanidae) in the Caribbean. Fishery
Bulletin 103, 417-425 (2005).

84.

G. R. Allen, Snappers of the world: an annotated and illustrated catalogue of lutjanid species
known to date. (1985).

36

85.

J. E. Bohlke, C. C. Chaplin, Fishes of the Bahamas and adjacent tropical waters. (University of
Texas Press, 1993).

86.

C. Boardman, D. Weiler, Aspects of the life history of three deepwater snappers around Puerto
Rico. (1980).

87.

B. Anderson, L. Lombardi-Carlson, A. Hamilton, Age and growth of Wenchman (Pristipomoides
aquilonaris) from the Northern Gulf of Mexico. (2009).

88.

CIMAGE.

89.

S. M. Snyder, J. A. Olin, E. L. Pulster, S. A. Murawski, Spatial contrasts in hepatic and biliary
PAHs in Tilefish (Lopholatilus chamaeleonticeps) throughout the Gulf of Mexico, with
comparison to the Northwest Atlantic. Environmental Pollution 258, 113775 (2020).

90.

V. Matyash, G. Liebisch, T. V. Kurzchalia, A. Shevchenko, D. Schwudke, Lipid extraction by
methyl-tert-butyl ether for high-throughput lipidomics. Journal of lipid research 49, 1137-1146
(2008).

91.

R. D. Nash, A. H. Valencia, A. J. Geffen, The origin of Fulton’s condition factor—setting the
record straight. Fisheries 31, 236-238 (2006).

92.

M. Á. González-Curbelo et al., Evolution and applications of the QuEChERS method. Trends in
Analytical Chemistry 71, 169-185 (2015).

93.

Analytical Quality Assurance Plan: Mississippi Canyon 252 (Deepwater Horizon) Natural
Resource Damage Assessment (2012).

94.

USEPA, Method 8270E Semivolatile Organic Compounds by Gas Chromatography/Mass
Spectrometry. (2018).

95.

D. Jones.

96.

E. L. Pulster, S. Fogelson, B. E. Carr, J. Mrowiki, S. A. Murawski, Hepatobiliary PAHs and
prevelence of pathological changes in Red Snapper from the Gulf of Mexico. Aquatic Toxicology,
(In Reveiw).

97.

M. Quintanilla-Mena et al., Biological responses of shoal flounder (Syacium gunteri) to toxic
environmental pollutants from the southern Gulf of Mexico. Environmental Pollution 258,
113669 (2020).

98.

R. Baird, N. Thompson, T. Hopkins, W. Weiss, Chlorinated hydrocarbons in mesopelagic fishes
of the eastern Gulf of Mexico. Bulletin of Marine Science 25, 473-481 (1975).

99.

V. F. Stout, Organochlorine residues in fishes from the Northwest Atlantic Ocean and Gulf of
Mexico. FISHERY BULL. 78, 51-58 (1980).

100.

J. A. Cullen, C. D. Marshall, D. Hala, Integration of multi-tissue PAH and PCB burdens with
biomarker activity in three coastal shark species from the northwestern Gulf of Mexico. Science
of The Total Environment 650, 1158-1172 (2019).

101.

M. A. Lewis et al., Fish tissue quality in near-coastal areas of the Gulf of Mexico receiving point
source discharges. Science of the Total Environment 284, 249-261 (2002).

102.

S. Voorspoels, A. Covaci, J. Maervoet, I. De Meester, P. Schepens, Levels and profiles of PCBs
and OCPs in marine benthic species from the Belgian North Sea and the Western Scheldt Estuary.
Marine Pollution Bulletin 49, 393-404 (2004).

103.

WHO, Safety evaluation of certain food additives and contaminants, Supplement 1: Non-dioxinlike polychlorinated biphenyls. (2016).
37

104.

P. Boehm, T. Saba, Identification and allocation of polycyclic aromatic hydrocarbons (PAHs).
Exponent Environ Forens Notes 4, 1-5 (2008).

105.

S. M. Snyder, E. L. Pulster, D. L. Wetzel, S. A. Murawski, PAH Exposure in Gulf of Mexico
Demersal Fishes, Post-Deepwater Horizon. Environmental Science & Technology 49, 8786-8795
(2015).

106.

S. Sadraddini et al., A Bayesian assessment of the PCB temporal trends in Lake Erie fish
communities. Journal of Great Lakes Research 37, 507-520 (2011).

107.

S. M. Snyder, E. L. Pulster, S. A. Murawski, Associations Between Chronic Exposure to
Polycyclic Aromatic Hydrocarbons and Health Indices in Gulf of Mexico Tilefish (Lopholatilus
chamaeleonticeps) Post Deepwater Horizon. Environmental toxicology and chemistry 38, 26592671 (2019).

108.

Y. Wan, X. Jin, J. Hu, F. Jin, Trophic dilution of polycyclic aromatic hydrocarbons (PAHs) in a
marine food web from Bohai Bay, North China. Environmental science & technology 41, 31093114 (2007).

109.

C. D. Stallings, F. C. Coleman, C. C. Koenig, D. A. Markiewicz, Energy allocation in juveniles of
a warm-temperate reef fish. Environmental biology of fishes 88, 389-398 (2010).

110.

J. E. Eliassen, O. Vahl, Seasonal variations in biochemical composition and energy content of
liver, gonad and muscle of mature and immature cod, Gadus morhua (L.) from Balsfjorden,
northern Norway. Journal of Fish Biology 20, 707-716 (1982).

111.

J. F. Leatherland, R. Sonstegard, M. Holdrient, Effect of dietary mirex and PCB's on
hepatosomatic index, liver lipid, carcass lipid and PCB and mirex bioaccumulation in yearling
coho salmon, Oncorhynchus kisutch. Comparative Biochemistry and Physiology Part C:
Comparative Pharmacology 63, 243-246 (1979).

112.

X. Yang, P. C. Baumann, Biliary PAH metabolites and the hepatosomatic index of brown
bullheads from Lake Erie tributaries. Ecological Indicators 6, 567-574 (2006).

113.

S. M. Al-Ghais, Acetylcholinesterase, glutathione and hepatosomatic index as potential
biomarkers of sewage pollution and depuration in fish. Marine pollution bulletin 74, 183-186
(2013).

114.

R. Froese, Cube law, condition factor and weight–length relationships: history, meta‐analysis and
recommendations. Journal of applied ichthyology 22, 241-253 (2006).

115.

O. S. Bains, C. J. Kennedy, Energetic costs of pyrene metabolism in isolated hepatocytes of
rainbow trout, Oncorhynchus mykiss. Aquatic toxicology 67, 217-226 (2004).

116.

W. Haensly et al., Histopathology of Pleuronectes platessa L. from Aber Wrac'h and Aber Benoit,
Brittany, France: long‐term effects of the Amoco Cadiz crude oil spill. Journal of Fish Diseases
5, 365-391 (1982).

117.

J. C. Wolf, M. J. Wolfe, A brief overview of nonneoplastic hepatic toxicity in fish. Toxicologic
Pathology 33, 75-85 (2005).

118.

B. G. Blackwell, M. L. Brown, D. W. Willis, Relative weight (Wr) status and current use in
fisheries assessment and management. Reviews in fisheries Science 8, 1-44 (2000).

119.

S. Chellappa, F. Huntingford, R. Strang, R. Thomson, Condition factor and hepatosomatic index
as estimates of energy status in male three‐spined stickleback. Journal of Fish Biology 47, 775787 (1995).

38

120.

A. T. Fisk, T. A. Johnston, Maternal transfer of organochlorines to eggs of walleye (Stizostedion
vitreum) in Lake Manitoba and western Lake Superior. Journal of Great Lakes Research 24, 917928 (1998).

121.

R. K. Bechmann et al., in SPE International Conference on Health, Safety, and Environment in
Oil and Gas Exploration and Production. (Society of Petroleum Engineers, 2004).

122.

J. A. Nye, D. D. Davis, T. J. Miller, The effect of maternal exposure to contaminated sediment on
the growth and condition of larval Fundulus heteroclitus. Aquatic toxicology 82, 242-250 (2007).

123.

I. C. Romero et al., Decadal assessment of polycyclic aromatic hydrocarbons in mesopelagic
fishes from the Gulf of Mexico reveals exposure to oil-derived sources. Environmental science &
technology 52, 10985-10996 (2018).

124.

G. H. Monteverdi, R. T. DiGiulio, Oocytic accumulation and tissue distribution of 2, 3, 7, 8‐
tetrachlorodibenzo‐p‐dioxin and benzo [a] pyrene in gravid Fundulus heteroclitus. Environmental
Toxicology and Chemistry: An International Journal 19, 2512-2518 (2000).

125.

M. D. Jürgens, J. Crosse, P. B. Hamilton, A. C. Johnson, K. C. Jones, The long shadow of our
chemical past–high DDT concentrations in fish near a former agrochemicals factory in England.
Chemosphere 162, 333-344 (2016).

126.

L. L. Johnson et al., in Fish Physiology. (Elsevier, 2013), vol. 33, pp. 53-140.

127.

J. P. Berninger, D. E. Tillitt, Polychlorinated biphenyl tissue‐concentration thresholds for
survival, growth, and reproduction in fish. Environmental toxicology and chemistry 38, 712-736
(2019).

128.

N. Beckvar, T. M. Dillon, L. B. Read, Approaches for linking whole‐body fish tissue residues of
mercury or DDT to biological effects thresholds. Environmental Toxicology and Chemistry: An
International Journal 24, 2094-2105 (2005).

129.

C. f. E. Cooperation. (DataBasin, 2005).

130.

R. Duran, F. J. Beron-Vera, M. J. Olascoaga, Extracting quasi-steady Lagrangian transport
patterns from the ocean circulation: An application to the Gulf of Mexico. Scientific reports 8, 110 (2018).

131.

A. Fernandez, A. Singh, R. Jaffé, A literature review on trace metals and organic compounds of
anthropogenic origin in the Wider Caribbean Region. Marine Pollution Bulletin 54, 1681-1691
(2007).

132.

O. O. Olayinka, A. A. Adewusi, O. O. Olujimi, A. A. Aladesida, Polycyclic Aromatic
Hydrocarbons in Sediment and Health Risk of Fish, Crab and Shrimp Around Atlas Cove,
Nigeria. Journal of Health and Pollution 9, 191204 (2019).

133.

E. Nyarko, B. Klubi, Polycyclic aromatic hydrocarbons (PAHs) levels in two commercially
important fish species from the coastal waters of Ghana and their carcinogenic health risks. West
African Journal of Applied Ecology 19, (2011).

134.

K. Pointet, A. Milliet, PAHs analysis of fish whole gall bladders and livers from the Natural
Reserve of Camargue by GC/MS. Chemosphere 40, 293-299 (2000).

135.

M. Habibullah-Al-Mamun, M. K. Ahmed, M. S. Islam, M. Tokumura, S. Masunaga, Distribution
of polycyclic aromatic hydrocarbons (PAHs) in commonly consumed seafood from coastal areas
of Bangladesh and associated human health implications. Environmental geochemistry and health
41, 1105-1121 (2019).

39

136.

D. Sosa et al., Polycyclic aromatic hydrocarbons and polychlorinated biphenyls in urban and
semi-urban soils of Havana, Cuba. Journal of soils and sediments 19, 1328-1341 (2019).

137.

A. Pérez Sánchez, Cuba's Oil: Due for Development. PTQ Q1, (2017).

40

Appendix A: Tables and Figures
Table 1. Range of body measurements and hepatic POP concentrations (ng g-1 w.w.) observed for seven
species of snapper sampled from around the Gulf of Mexico in 2015-2017.
Species

n

89

Standard
Length
(cm)
16 – 43

Wenchman
(Pristipomoides
aquilonaris)
Silk Snapper
(Lutjanus vivanus)
Yellowtail Snapper
(Ocyurus chrysurus)
Blackfin Snapper
(Lutjanus buccanella)
Queen Snapper
(Etelis oculatus)
Black Snapper
(Apsilus dentatus)
Mutton Snapper
(Lutjanus analis)

48

Weight
(kg)

Σ32 PCBs

Σ32 OCPs

Σ46 PAHs

0.1 – 1.8

Hepatic
Lipid
(%)
2 – 36

0.99 - 427

4.00 - 247

93.0 – 2,330

31 – 66

0.7 – 8.6

2 – 24

0.80 – 36.8

4.44 – 64.6

60.0 - 2990

19

23 – 41

0.3 – 1.6

2 – 17

0.80 – 37.7

5.00 – 16.4

158 – 2,140

17

24 – 52

0.4 – 5.0

5 – 20

0.84 – 30.7

4.00 – 23.0

112 – 2,350

11

31 – 55

0.6 – 3.5

4 – 17

2.00 – 41.3

8.00 - 155

409 – 2,930

3

30 – 42

0.8 – 2.2

3–5

1.15 – 2.10

6.82 – 13.8

523 – 1,500

3

42 – 47

2.1 – 2.8

5–5

0.98 – 62.3

7.17 – 10.6

340 – 1,660

Σ32PCB = sum of 32 polychlorinated biphenyls
Σ32OCP = sum of 32 organochlorine pesticides
Σ46PAH = sum of 46 parental polycyclic aromatic hydrocarbons and alkylated homologues.
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Figure 1. Station locations sampled in the Gulf of Mexico during 2015-2017 for chemical analyses. Each
station is represented by a black dot; stations were grouped into regions (designated by gray dashed lines)
for spatial analysis. Numbers of specimens by species and region evaluated for organic pollutants are
indicated.
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Figure 2. Sampling locations (black dots) grouped into transects (designated by letter and number) where
snapper were obtained for chemical analysis off the northwest Cuban coast in 2017. Havana is designated
by the red star, and Guanahacabibes national park is designated by the green star.
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Figure 3. Gulf-wide species comparison of hepatic ΣPCBs, ΣOCPs, and ΣPAHs (ng g-1 w.w.) measured in
seven snapper species. Significant differences between species are indicated by different letter
designations. Open circles indicate outliers for each group. Some outliers fall in the y-axis break and are
not shown.
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Figure 4A. Gulf-wide species comparison of the percent composition of hepatic PCBs measured in the
four most abundant snapper species.

Figure 4B. Gulf-wide species comparison of the percent composition of hepatic OCPs measured in the
four most abundant snapper species.
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Figure 4C. Gulf-wide species comparison of the percent composition of hepatic PAHs measured in the
four most abundant snapper species.
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Figure 5. Ternary plot of PCBs, OCPs and PAHs in seven species of Snapper (n = 189) from around the
GoM. Dots represent individual fish, with snapper species designated by color. The compound groups
represent fractions of the total organic contaminants detected.
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Figure 6. Log transformed Wenchman (Pristipomoides aquilonaris, n = 89) and Silk Snapper (Lutjanus
vivanus, n = 48) hepatic ΣPCBs (ng g-1 w.w.) plotted against Fulton’s condition factor. Wenchman data
are indicated by solid dots; Silk Snapper by open circles. Linear correlations for each species are shown
by dashed lines, with r = -0.332, p = 0.006 for Wenchman, and r = -0.542, p = 0.008 for Silk Snapper.

Figure 7. Comparison of hepatic ΣPAHs (ng g-1 w.w.) between male and female Wenchman
(Pristipomoides aquilonaris, n = 87) and Yellowtail Snapper (Ocyurus chrysurus, n = 19) sampled in the
Gulf of Mexico, 2015 - 2017. Open circles indicate outliers for each group.
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Figure 8. Gulf-wide regional comparison of hepatic ΣPCBs, ΣOCPs, and ΣPAHs (ng g-1 w.w.) measured
in Wenchman (Pristipomoides aquilonaris, n = 89) sampled from the seven Gulf regions. Regions are
designated (Figure 2) as: Cuba (CUBA), Yucatan peninsula (YP), Campeche Bay (CAMP), southwest
(SW), northwest (NW), north central (NC), and west Florida shelf (WFS). Open circles indicate outliers
for each group. Some outliers fall in the y-axis break and so are not shown.
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Figure 9A. Regional comparison of hepatic PCB relative abundances (percent of total) measured in
Wenchman (Pristipomoides aquilonaris, n = 89) sampled from regions around the Gulf. Only the regions
with Wenchman n > 3 were included.
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Figure 9B. Regional comparison of hepatic OCP relative abundances (percent of total) measured in
Wenchman (Pristipomoides aquilonaris, n = 89) sampled from regions around the Gulf. Only the regions
with Wenchman n > 3 were included.
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Figure 9C. Regional comparison of hepatic PAH relative abundances (percent of total) measured in
Wenchman (Pristipomoides aquilonaris, n = 89) sampled from regions around the Gulf. Only the regions
with Wenchman n > 3 were included.
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Figure 10A. Canonical analysis of principal coordinates examining regional variation in the relative
abundance of hepatic PCBs measured in Wenchman (Pristipomoides aquilonaris, n = 89) sampled around
the Gulf. The seven regions are defined in Figure 1, and are designated using different colors and
symbols, with each marking representing one fish. The associated vectors for the relevant individual
compounds are shown on the right.

Figure 10B. Canonical analysis of principal coordinates examining regional variation in the relative
abundance of hepatic OCPs measured in Wenchman (Pristipomoides aquilonaris, n = 89) sampled around
the Gulf. The seven regions are defined in Figure 1, and are designated using different colors and
symbols, with each marking representing one fish. The associated vectors for the relevant individual
compounds are shown on the right.
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Figure 10C. Canonical analysis of principal coordinates examining regional variation in the relative
abundance of hepatic PAHs measured in Wenchman (Pristipomoides aquilonaris, n = 89) sampled
around the Gulf. The seven regions are defined in Figure 1, and are designated using different colors and
symbols, with each marking representing one fish. The associated vectors for the relevant individual
compounds are shown on the right.
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Figure 11. Spatial comparison of hepatic ΣPCBs, ΣOCPs and ΣPAHs (ng g-1 w.w.) measured in
Wenchman (Pristipomoides aquilonaris, n = 36) sampled from transects along the north-western coast of
Cuba. Transects on the x-axis are ordered from west (left) to east (right; Figure 2). Open circles indicate
outliers for each group.
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Figure 12. Hepatic ΣPCBs (purple), ΣOCPs (green), and ΣPAHs (blue) in Wenchman (Pristipomoides
aquilonaris, n = 36) sampled off the northwestern coast of Cuba, plotted against distance (km) from the
city of Havana. Distance was measured as a straight line between the site where the individual was caught
and the mouth of Havana Harbor. Hepatic ΣPCBs are the only group significantly correlated with distance
to Havana (r = -0.689, p < 0.001).
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Figure 13. Spatial comparison of hepatic ΣPCBs, ΣOCPs and ΣPAHs (ng g-1 w.w.) measured in Silk
Snapper (Lutjanus vivanus, n = 35) sampled from transects along the north-western coast of Cuba.
Transects are ordered from west (left) to east (right; Figure 2). Open circles indicate outliers for each
group.
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Appendix B: Extraction Methodology and Acquisition Parameters

Tissue Extraction
Hepatic tissue was homogenized prior to extraction, and QuEChERS extraction (92) was
conducted using a 2g subsample of the homogenate. Each 2g subsample was placed into a 50mL
polypropylene tube and spiked with 100ng of surrogate standards (to monitor recovery of analytes),
which were then vortexed into the tissue and allowed to marinate for 15 minutes. Acetonitrile (20mL)
(Fisher Chemical Optima® Grade) was then added to the tube along with two steel balls, and the tube was
shaken at 1,000 rpm for 15 minutes using a 1600 MiniG® GenoGrinder (SPEX® Sample Prep,
Metuchen, NJ). After this mechanical extraction the tube was centrifuged for 5 minutes at 5,000rpm, and
8mL of the resulting supernatant was shaken for 5 minutes with an Agilent matrix cleaning step (Bond
Elut Enhanced Matrix Removal-Lipid) to promote further clean-up of the extract. This tube was then
centrifuged, and the supernatant was transferred into another 50mL tube along with an Agilent polish
pouch (Bond Elut EMR-Lipid polish pouch) to remove any remaining water and water soluble
interferences. After another 5 minute centrifuge, 1mL of the resulting extract was spiked with an internal
standard (100ng/mL p-Terphenyl-d14) prior to instrument injection to monitor instrument stability.
GC Oven Parameters
Inlet temperature was set to 295ºC. The carrier gas (1.5 mL min-1) and quench gas (2.25 mL min1
) was ultra-high purity helium, and the collision gas was ultra-high purity nitrogen (1.5 mL min-1). Initial
oven temperature was set to 60ºC for 3 minutes, then increased to 120ºC at a rate of 12ºC min-1, followed
by a 8ºC min-1 ramp up to 300ºC, then an increase to 320ºC at 15ºC min-1, and a final hold of 4 minutes at
320ºC. The transfer line was set to a temperature of 320ºC, the high efficiency source to 300ºC, and the
quadrapole to 150ºC.

Table 2. Method acquisition parameters for 32 polychlorinated biphenyls, 32 organochlorine pesticides,
and 46 polycyclic aromatic hydrocarbons (19 parental and associated alkylated homologs). Collision
energy = CE, method detection limit = MDL.
Target Analyte
Parental
Quantifier
CE
Qualifier
CE
MDL
ion
Ion
Ion
PCB 8 (2,4'-Dichlorobiphenyl)
221.8
152
30
187
10
50 ppt
PCB 28 (2,4,4'255.7
186
30
220.9
15
50 ppt
Trichlorobiphenyl)
PCB 37 (3,4,4'255.7
186
30
220.9
15
50 ppt
Trichlorobiphenyl)
PCB 44 (2,2',3,5'289.7
219.9
35
254.9
15
50 ppt
Tetrachlorobiphenyl)
PCB 49 (2,2',4,5'289.7
219.9
35
254.9
15
50 ppt
Tetrachlorobiphenyl)
PCB 52 (2,2',5,5'289.7
219.9
35
254.9
15
50 ppt
Tetrachlorobiphenyl)
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Table 2. (Continued)
Target Analyte
PCB 60 (2,3,4,4'Tetrachlorobiphenyl)
PCB 66 (2,3',4,4'Tetrachlorobiphenyl)
PCB 70 (2,3',4',5Tetrachlorobiphenyl)
PCB 74 (2,4,4',5Tetrachlorobiphenyl)
PCB 77 (3,3',4,4'Tetrachlorobiphenyl)
PCB 83 (2,2',3,3',4Pentachlorobiphenyl)
PCB 87 (2,2',3,4,5'Pentachlorobiphenyl)
PCB 99 (2,2',4,4',5Pentachlorobiphenyl)
PCB 101 (2,2',4,5,5'Pentachlorobiphenyl)
PCB 105 (2,3,3',4,4'Pentachlorobiphenyl)
PCB 114 (2,3,4,4',5Pentachlorobiphenyl)
PCB 118 (2,3',4,4',5Pentachlorobiphenyl)
PCB 126 (3,3',4,4',5Pentachlorobiphenyl)
PCB 128 (2,2',3,3',4,4'Hexachlorobiphenyl)
PCB 138 (2,2',3,4,4',5'Hexachlorobiphenyl)
PCB 153 (2,2',4,4',5,5'Hexachlorobiphenyl)
PCB 156 (2,3,3',4,4',5Hexachlorobiphenyl)
PCB 158 (2,3,3',4,4',6Hexachlorobiphenyl)
PCB 166 (2,3,4,4',5,6Hexachlorobiphenyl)
PCB 169 (3,3',4,4',5,5'Hexachlorobiphenyl)
PCB 170 (2,2',3,3',4,4',5Heptachlorobiphenyl)
PCB 179 (2,2',3,3',5,6,6'Heptachlorobiphenyl)
PCB 180 (2,2',3,4,4',5,5'Heptachlorobiphenyl)

Parental
ion
289.7

Quantifier
Ion
219.9

CE

CE

MDL

35

Qualifier
Ion
254.9

15

50 ppt

289.7

219.9

35

254.9

15

50 ppt

289.7

219.9

35

254.9

15

50 ppt

289.7

219.9

35

254.9

15

50 ppt

289.7

219.9

35

254.9

15

50 ppt

325.7

255.9

30

253.9

30

50 ppt

325.7

255.9

30

253.9

30

50 ppt

325.7

255.9

30

253.9

30

50 ppt

325.7

255.9

30

253.9

30

50 ppt

325.7

255.9

30

253.9

30

50 ppt

325.7

255.9

30

253.9

30

50 ppt

325.7

255.9

30

253.9

30

50 ppt

325.7

255.9

30

253.9

30

50 ppt

359.6

289.9

35

287.8

35

50 ppt

359.6

289.9

35

287.8

35

50 ppt

359.6

289.9

35

287.8

35

50 ppt

359.6

289.9

35

287.8

35

50 ppt

359.6

289.9

35

287.8

35

50 ppt

359.6

289.9

35

287.8

35

50 ppt

359.6

289.9

35

287.8

35

50 ppt

393.6

323.8

30

321.8

35

50 ppt

393.6

323.8

30

321.8

35

50 ppt

393.6

323.8

30

321.8

35

50 ppt
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Table 2. (Continued)
Target Analyte
PCB 183 (2,2',3,4,4',5',6Heptachlorobiphenyl)
PCB 187 (2,2',3,4',5,5',6Heptachlorobiphenyl)
PCB 189 (2,3,3',4,4',5,5'Heptachlorobiphenyl)
Aldrin
a-BHC
b-BHC
g-BHC
d-BHC
a-Chlordane
g-Chlordane
4,4'-DDD
4,4'-DDE
4,4'-DDT
Dieldrin
Endosulfan I
Endosulfan II
Endosulfan sulfate
Endrin
Heptachlor
Heptachlor epoxide (Isomer B)
Methoxychlor
Alachlor
Chlorobenzilate
Chloroneb
Chlorothalonil
DCPA
Etridiazole
Hexachlorobenzene (HCB)
Metolachlor
Metribuzin
cis-Permethrin
trans-Permethrin
Propachlor
Trifluralin
Mirex
Naphthalene
C1N
C2N

Parental
ion
393.6

Quantifier
Ion
323.8

CE

CE

MDL

30

Qualifier
Ion
321.8

35

50 ppt

393.6

323.8

30

321.8

35

50 ppt

393.6

323.8

30

321.8

35

50 ppt

262.7
180.8
180.8
180.8
180.8
372.7
372.7
234.8
246
234.8
262.7
241
240.7
271.6
280.7
271.7
352.7
227
187.9
250.8
190.8
263.4
331.7
210.7
283.7
237.6
197.8
162.6
162.6
175.9
305.9
271.6
128
142
156

192.9
144.9
144.9
144.9
144.9
265.8
265.8
165
176
165
192.9
205.9
205.9
236.8
210.9
236.8
262.8
141
160
139
112.9
167.8
222.8
139.8
213.8
162.1
82
126.9
126.9
92
264
236.8
102
141
141

40
15
15
15
15
25
25
20
40
20
40
20
20
15
30
15
15
20
10
15
15
30
45
20
35
15
15
15
15
20
10
20
20
20
20

202.8
108.9
108.9
108.9
108.9
262.9
262.9
199
211
199
227.8
135.9
135.8
234.8
172.9
234.8
281.9
212
132
111
140.9
132.9
166.8
107.9
178.8
133
88.9
91
91
77
206
234.8
127
115
115

30
30
30
30
30
25
25
20
20
20
20
45
45
20
40
15
15
20
20
45
10
45
55
40
50
35
15
10
10
35
15
20
25
25
30

500 ppt
50 ppt
50 ppt
50 ppt
50 ppt
50 ppt
50 ppt
50 ppt
50 ppt
50 ppt
1 ppb
500 ppt
500 ppt
500 ppt
1 ppb
50 ppt
50 ppt
1 ppb
250 ppt
50 ppt
50 ppt
500 ppt
50 ppt
100 ppt
50 ppt
1 ppb
50 ppt
100 ppt
100 ppt
50 ppt
50 ppt
50 ppt
1ppb
1ppb
1ppb
60

Table 2. (Continued)
Target Analyte
C3N
C4N
Acenaphthylene
Acenaphthene
Fluorene
C1F
C2F
C3F
C4F
Dibenzothiophene
C1D
C2D
C3D
C4D
Phenanthrene
Anthracene
C1PH/A
C2PH/A
C3PH/A
C4PH/A
C5PH/A
Fluoranthene
Pyrene
C1F/Py
C2F/Py
C3F/Py
C4F/Py
C5F/Py
Benzo[A]anthracene
Chrysene
C1BA/C
C2BA/C
C3BA/C
C4BA/C
C5BA/C
Benzo[b]fluoranthene
Benzo[k]fluoranthene
Benzo[e]pyrene
Benzo[a]pyrene
Perylene

Parental
ion
170
184
152
154
166
180
194
208
222
184
198
212
226
240
178
178
192
206
220
234
248
202
202
216
230
244
258
272
228
228
242
256
270
284
298
252
252
252
252
252

Quantifier
Ion
155
169
151
153
165
165
179
193
206
139
197
197
211
211
176
176
191
191
205
219
247
201
201
215
229
229
243
271
226
226
241
255
255
282
296
250.1
250.1
250.1
250.1
250.1

CE
20
30
15
15
20
25
30
40
40
30
20
40
40
40
30
30
20
20
30
50
20
30
30
30
40
40
20
10
40
40
40
20
20
50
50
40
40
40
40
40

Qualifier
Ion
127
154
150
152
163

CE

MDL

30
40
20
30
30

179

40

165

30

152
152
189
189
189
204
246
200
200
213
215
228
228
257
202
202
239
239
239
269
283
224
224
226
224
224

30
30
40
40
40
20
40
40
40
40
20
40
40
40
30
30
40
40
50
50
50
35
35
35
35
35

1ppb
1ppb
1ppb
1ppb
1ppb
1ppb
1ppb
1ppb
1ppb
1ppb
1ppb
1ppb
1ppb
1ppb
1ppb
1ppb
1ppb
1ppb
1ppb
1ppb
1ppb
1ppb
1ppb
1ppb
1ppb
1ppb
1ppb
1ppb
1ppb
1ppb
1ppb
1ppb
1ppb
1ppb
1ppb
1ppb
1ppb
1ppb
1ppb
1ppb
61

Table 2. (Continued)
Target Analyte
Indeno[1,2,3,-cd]pyrene
Dibenzo[a,h]anthracene
Benzo[g,h,i]perylene

Parental
ion
276
278
276

Quantifier
Ion
274
276.1
274

CE
50
40
50

Qualifier
Ion
248.2
252
248.2

CE

MDL

40
50
50

1ppb
1ppb
1ppb

Table 3. Method acquisition parameters for surrogate standards and internal standards. Collision energy
= CE.
Surrogate/Internal
Parental ion
Quantifier
CE
Qualifier
CE
Standards
Ion
Ion
Naphthalene-d8
136
108
25
134
10
Acenaphthylene-d8
160
158
30
132
30
Acenaphthene-d10
164
162.1
20
134
40
Fluorene-d10
176
174
40
146
30
Dibenzothiophene-d8
192
160.1
40
146
40
Phenanthrene-d10
188
184.1
10
158
30
Anthracene-d10
188
184.1
10
158
30
Fluoranthene-d10
212
208.1
50
184.1
40
Pyrene-d10
212
208.1
50
184.1
20
Benzo[a]anthracene-d12
240
236.1
50
212.1
40
Chrysene-d12
240
236.1
50
212.1
40
Benzo[b]fluoranthene-d12
264
260.1
50
236
40
Benzo[k]fluoranthene-d12
264
260.1
50
236
40
Benzo[e]pyrene-d12
264
260.1
50
236
40
Benzo[a]pyrene-d12
264
260.1
50
236
40
Perylene-d12
264
260.1
50
236
40
Indeno[1,2,3,-cd]pyrene-d12
288
284.1
50
255.9
50
Dibenzo[a,h]anthracene-d14
292
288.3
50
264.1
40
Benzo[g,h,i]perylene-d12
288
284.1
50
256.1
50
Biphenyl-d10
163.9
160.1
30
162.1
15
Carbofuran
163.9
149
15
103
20
Chlorpyrifos-d10
199.7
171.9
10
108.9
40
Parathion-d10
114.8
82.9
15
62.8
45
Tributyl phosphate
154.8
98.9
5
80.9
30
Triphenyl phosphate
324.8
169
5
76.9
30
PCNB
236.6
118.7
30
142.8
25
DBOFB
295.8
245.9
35
195.8
50
p-Terphenyl
244
237.3
50
159.3
50
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